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ABSTRACT
The safety assessment of final disposal of spent nuclear fuel will include an estimate for
the behavior of waste nuclides in the biosphere. As a part of this estimate also the
sorption of radioactive iodine, chlorine, technetium and cesium in soil is to be
considered. The chemistry and the sorption of these radionuclides in soils are described
in this literature survey.
Behavior of I-129, Cl-36 and Tc-99 in the environment is of great interest because of
their long half-lives and relatively high mobilities. The importance of Cs-135 arises
from its high content in spent nuclear fuel and long physical half-life, even though it is
considered relatively immobile in soil.
Factors affecting the migration and sorption of radionuclides in soils can be divided into
elemental and soil specific parameters. The most important elemental factor is the
speciation of the element, which is influenced by the soil redox potential, pH and
complex forming ligands. Soil micro-organisms can either serve as sorbents for
radionuclides or affect their speciation by altering the prevailing soil redox conditions.
Soil organic matter content and mineral properties have a marked influence on the
retention of radionuclides. The sorption of anionic radionuclides such as I-, Cl- and
TcO4- is pronounced in the presence of organic matter. Clay minerals are known to
bound cesium effectively.
The effect of speciation of radioactive iodine, chlorine, technetium and cesium in soil is
considered in this study, as well as the effect of soil micro-organisms, organic matter
and mineral properties.
Keywords: Sorption, iodine, chlorine, technetium, cesium, soil, speciation, Olkiluoto

Jodin, kloorin, teknetiumin ja cesiumin sorptio maaperään
TIIVISTELMÄ
Käytetyn ydinpolttoaineen loppusijoituksen turvallisuusanalyysi käsittää myös arvion
ydinpolttoaineen sisältämien jätenuklidien käyttäytymisestä biosfäärissä. Osana tätä
arviota on otettava huomioon radioaktiivisen jodin, kloorin, teknetiumin ja cesiumin
pidättyminen maaperään..
Radionuklidien I-129, Cl-36 ja Tc-99 ympäristökäyttäytyminen on hyvin tärkeää
johtuen niiden suhteellisen suuresta liikkuvuudesta sekä pitkistä fysikaalisista
puoliintumisajoista. Kationisen Cs-135 tärkeys turvallisuusanalyysissa juontuu sen
suureen pitoisuuteen käytetyssä ydinpolttoaineessa sekä pitkästä fysikaalisesta puoliintumisajasta, vaikka cesiumin tiedetään olevan maaperässä suhteellisen kulkeutumaton.
Radioaktiivisen jodin, kloorin, teknetiumin ja cesiumin pidättymiseen ja kulkeutumiseen vaikuttavat tekijät voidaan jakaa alkuaineelle ja maaperälle ominaisiin
erityispiirteisiin. Tärkein alkuainekohtainen tekijä on alkuaineen kemiallinen muoto,
spesiaatio, johon vaikuttavat maaperän hapetus- pelkistysolosuhteet, pH ja komplekseja
muodostavat ligandit. Maaperän mikro- organismit voivat joko pidättää radionuklideja
tai vaikuttaa niiden spesiaatioon muuttamalla maaperässä vallitsevia hapetuspelkistysolosuhteita. Maaperän orgaanisen aineksen pitoisuudella ja mineraaliaineksen
ominaisuuksilla on huomattava vaikutus radionuklidien pidättymiseen. Anionisten
radionuklidien, kuten I-, Cl- ja TcO4- pidättyminen on korostunutta kun orgaanisen
aineksen pitoisuus on korkea. Savimineraalien tiedetään pidättävän cesiumia
tehokkaasti.
Tässä kirjallisuuskatsauksessa on kuvattu radioaktiivisen jodin, kloorin, teknetiumin ja
cesiumin spesiaation vaikutus niiden käyttäytymiseen ja pidättymiseen maaperässä.
Myös maaperän mikro- organismien, orgaanisen aineksen ja mineraaliaineksen vaikutusta jodin, kloorin, teknetiumin ja cesiumin kulkeutumisessa ja pidättymisessä on
huomioitu.
Avainsanat: Pidättyminen, (ad)sorptio, jodi, kloori, teknetium, cesium, maaperä,
spesiaatio, Olkiluoto
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1

INTRODUCTION

Spent fuel from the nuclear power reactors in Olkiluoto and Loviisa, both in Finland, is
to be disposed of in a repository to be constructed in the bedrock at the Olkiluoto site.
The safety analysis will include an estimate for the behavior of nuclear waste nuclides
also in the biosphere.
As the behavior of radionuclides within the biosphere is estimated, the potential
migration of radionuclides in soils, their sorption on soil particles and their possible
transfer from soil to plants is to be considered. The fraction of radionuclide adsorption
on soils, sediments and suspended material is usually expressed in terms of the
distribution coefficient, Kd, which is the equilibrium ratio of radionuclide concentration
in the solid phase compared with that in the liquid phase (Kd = Csolid/Cliquid). Kd is used
to describe the mobility of radionuclides in the environment: when Kd is small, the
fraction of radionuclide sorbed in the solid phase is low, and respectively the fraction in
the liquid phase is high. From this follows low retention on soil and high potential
mobility. When Kd is high, a major fraction of radionuclide is sorbed on the solid phase
and a minor fraction remains in the liquid phase, which follows high retention on soil
and low potential mobility. The migration velocity of radionuclides in soil can be
predicted as the flow velocity of groundwater and Kd- values are known.
The sorption of radionuclides in the overburden depends on the mineralogical and
chemical characteristics of the soil layer in question, such as clay minerals and clay
mineral content, particle size distribution, organic matter content, redox- potential and
pH. Radionuclides which tend to form anionic species in aqueous solutions, such as
iodine, chlorine and technetium, sorb poorly on soils mineral constituents and have high
potential mobility in the overburden. Cationic radionuclides, such as cesium, are sorbed
effectively on the clay minerals present in soils. Organic matter is thought to be the sink
for anionic radionuclides, such as iodine, chlorine and technetium.
In a long-term basis after the closure of the repository I-129, Cl-36 and Tc-99 are
expected to be a major dose source for humans due to their high mobility in the
environment and anionic nature. The physical half- live of I-129, Cl-36 and Tc-99 are
1.6 x 107, 3.01 x 105 and 2.1 x 105 years respectively. The importance of Cs-135 arises
from its high content in the spent nuclear fuel and long physical half-live of 2.3 x 106
years, even though it is considered relatively immobile in soil. In the safety assessment
of the spent nuclear fuel in a long- term basis, Cl -36 and I-129 are classified as the first
(top) priority and Cs-135 as second (high) priority radionuclides (Haapanen et al. 2009).
The objective of this literature study is to collect information on the chemistry of iodine,
chlorine, technetium and cesium in the environment and of their sorption on soil.
Information is collected for soils and soil types specific for Olkiluoto Island nowadays,
or for soil types which are expected to be developed in the future from present soil
types. Based on the literature, the behavior of iodine, chlorine, technetium and cesium
in soils is superimposed for the soils found in Olkiluoto Island. Distribution coefficients
presented here can be used in calculating and predicting the mobility and migration
rates of I-129, Cl-36, Tc-99 and Cs-135 in the overburden.
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TYPICAL SOIL PROPERTIES ON OLKILUOTO ISLAND

During the last glacial period, Olkiluoto area was covered with continental ice sheet,
and the weight of the ice sheet pushed the area down (Haapanen et al. 2007; Haapanen
et al. 2009). Once the continental ice sheet begun to melt, a freshwater ice lake called
the Baltic Ice Lake developed into the southern parts of the Baltic basin at 13 500-10
300 BP (Agrell 1976). Throughout this first stage of the Baltic Sea, Olkiluoto area was
covered by approx. 1500 m thick continental ice cover (Fjeldskaar 2000). In the Yoldiaphase (10 300-9 500 BP) the Närke straits opened in the central Sweden leading to the
discharging of the melting waters and the dramatic drop of the water level (Björck
1995). Upon this phase, the Olkiluoto region was freed from the continental ice cover
approx. 9 500 BP, but it was covered by circa 200 metres thick water table (Haapanen et
al. 2007b; Haapanen et al. 2009; Tikkanen 1981). The ongoing land uplift caused the
Närke straits to emerge and created the last freshwater stage of the Baltic Sea - the
Ancylus Lake around 9500 BP (Björck 1995). In this stage the Olkiluoto area was still
approx. 100 metres under the sea-level, and the nearest shoreline situated tens of
kilometers away from the region to the east (Tikkanen 1981). For about a thousand
years the water-level in the Ancylus Lake was above the sea-level causing the waters to
discharge into the Atlantic Ocean through outburst channels, but till 8000 BP sea and
lake waters were at the same level (Eronen 1974). Litorina Sea stage begun after the
salty sea water penetrated into the Baltic basin around 7400 BP. In the early stage of the
Litorina Sea, the Olkiluoto area was still covered by brackish waters, and the distance to
the nearest emergent areas was about 30 km (Tikkanen 1981). These regions situated
south-east from Olkiluoto. Approx. 2500- 3000 years ago the area rose above the sea
level due to the isostatic land uplift which still continues (Haapanen et al. 2007b;
Haapanen et al. 2009).
Sediment cover on the Olkiluoto Island dates from the last glaciation or after that, and
these sediments are classified as Quaternary deposits (Huhta 2005, 2007, 2009; Lintinen
et al. 2003; Lintinen and Kahelin 2003; Lahdenperä et al. 2005; Lahdenperä 2009). The
average age of the soils on Olkiluoto Island is between 0 and 2000 years (Eronen et al.
1995, Mäkiaho 2005). The typical present elevation on the Olkiluoto Island is +5 meters
above the sea level (Lahdenperä et al. 2005), and the average land uplift is 6 mm/y
(Eronen et al. 1995). The surface of Olkiluoto Island is quite flat, the highest points
being at Liiklankallio (+18 m), Selkänummenharju (+13 m) and Ulkopäännniemi (+12
m) (Lahdenperä et al. 2005).
The ongoing isostatic land uplift increases the surface area of Olkiluoto Island by
emerging new areas above the sea level (Haapanen et al. 2007b; Haapanen et al. 2009),
which causes the shoreline to be in continuous change (Haapanen 2007b). Former
seabed is exposed, and depending on the type of the sediment, different kind of primary
successional terrestrial vegetation species occupy the area. Figure 1 presents a
schematic diagram of the successional stages for ground vegetation in Olkiluoto Island.
Commonly, the newly exposed areas are firstly covered by meadows, which change into
spruce or pine forests along the successional line. Also, the soil forming processes begin
acting immediately after the emerging of former seabed sediments.
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On Olkiluoto Island bedrock is uncovered in some places, and stones and boulders can
be numerous (Haapanen 2007b; Miettinen and Haapanen 2002; Tamminen et al. 2007).
Forest soils are rich in rocks due to the closeness of bedrock (Miettinen and Haapanen
2002). Rocks found in treeless areas are covered with lichen and dwarf shrub.
Liiklankallio and Selkänummenharju are the largest rock forest found on the Olkiluoto
Island.

Figure 1. A diagram of the successional stages for ground vegetation taking place in
the Olkiluoto area (Haapanen et al. 2009).
The major part of Olkiluoto Island is covered by forests, which are classified mostly as
mesic upland forests or herb-rich forests (Miettinen and Haapanen 2002). Mesic upland
forests have moderately moist soil, and rain waters drain along the soil surface or
percolate through the soil, thus preventing the soil from becoming saturated with water
for prolonged times. Herb-rich forests are fertile and rich in plant species. Sprucedominated, mixed deciduous and coniferous forest are typical forest types on Olkiluoto
Island. Typical tree species are Scots pine, Norway spruce, birches and black alder.
Young forests and open areas are found in the central parts of the Island, where thinning
and regeneration cuttings have been performed. Only a few mires are found on the
Island. Reeds, low and high meadows are common on Olkiluoto Island and are found at
the shoreline, where they form thin continuous zones around the Island or occupy larger
areas (Haapanen 2007b; Miettinen and Haapanen 2002).
Common species found in the ground vegetation on Olkiluoto Island include, among
others, blueberry (Vaccinium myrtillus), lingonberry (Vaccinium vitis idaea), spreading
woodfern (Dryopteris expansa), meadowsweet (Filipendula ulmaria), wood millet
(Milium effusum), Calamagrostis purpurea, wavy hair-grass (Deschampsia flexuosa),

7

stair-step moss (Hylocomium splendens) and big red stem moss (Pleurozium schreberi)
(Tamminen et al. 2007). Blueberry and lingonberry were the prevailing evergreen
ground species found.
Lusa et al. (2009) studied the dry matter content and proportion of organic matter in soil
samples taken from three different excavator pits OL-KK14, OL-KK15 and OL-KK16.
They also examined the grain size distribution and mineralogy of the soil samples. pH
was measured from the soil samples and from soil solution. Dissolved organic carbon,
the main cations and anions were also determined from the soil solution samples.
Soils at Olkiluoto are weakly developed due to the short time span of less than 3000
years (Eronen and Lehtinen 1996). Typical soil types are undeveloped Arenosols and
Regosols, thin or coarse grained Leptosols and groundwater soils Gleysols, from which
Haplic Arenosol is the soil type encountered most often (Tamminen et al. 2007). In
Finland, the predominant soil forming process is podzolization, which is a slow process,
and the formation of mature podzol profile can take up to 500- 1500 years (Eronen and
Lehtinen 1996; Starr 1991). The podzolization processes and the formation of soil
layers characteristic of a podzol profile are discussed in Section 3.6.4.
Many other investigations concerning the soil properties on Olkiluoto Island have also
been carried out. The most common soil types reported on Olkiluoto are (Rautio et al.
2004):
Fine-textured till 53 %
Sandy till 39 %
Gravelly till 4 %
Peat 3.4 %
Outcrops 0.6 %
The most common mineral sediment, till, is formed from bedrock, preglacial sediments
and “in situ” weathered bedrock when the slowly flowing glacial ice dislodged, crushed
and ground the mineral matter (Koljonen 1992). The melt waters from glaciers and
flowing waters in general, have abraded, rounded and sorted the sediments during
transport, and accumulated them in glaciofluvial deposits. The finest material is carried
in suspension and deposited as silt and clay at the bottom of water basins.
Olkiluoto Island is relatively flat and the average elevation is +5 m above the sea level,
whereas the highest point is +18 m (Liiklankallio) (Lahdenperä et al. 2005). Although
the surface of the bedrock is uneven, the surface of the overburden is quite smooth, even
in places where the change in the bedrock topography is abrupt. As a result of last
glaciation activity, the bedrock depressions are filled with a thicker layer of overburden,
mainly sandy till and fine-grained till, and the bedrock highpoints, which were not
buried by the late glacial deposition, protrude through the modest soil layers. The
thickness of the till cover is commonly 2 – 4 m and it is rich in clay fractions in some
sites (Lintinen et al. 2003; Lintinen and Kahelin 2003; Lahdenperä et al. 2005;
Lahdenperä 2009).
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Based on the recharge computations carried out with the surface hydrology model, the
Olkiluoto bedrock groundwater system is transport- limited and the overburden supplylimited (Karvonen 2008). Thus, there is more supply from the overburden to the
bedrock than the bedrock system can transmit, which is due to the low hydraulic
conductivity in the bedrock compared with that of the overburden soils. The supplylimited overburden groundwater system implies that more precipitation would result in
greater runoff and evapotranspiration. The saturated hydraulic conductivities and
source of parameter values are given in Table 1. Information concerning the porosity of
tills at Olkiluoto were not available.
Table 1. Saturated hydraulic conductivity values (Karvonen 2009).
Soil type

K (m/s)

Reference

gravelly till

5.8 x 10-5

sandy till

1.6 x 10-5

Tammisto et al. 2005, Tammisto and
Lehtinen 2006
calibration, Karvonen 2009

fine- textured till

6.8 x 10-6

“

gravel

7.4 x 10-5

“

coarse sand

9.3 x 10-6

“

5.8 x 10

-6

“

4.6 x 10

-6

“

very fine sand

-6

2.7 x 10

“

clay

4.5 x 10-7

“

sedge peat

3.5 x 10-6

Päivänen 1973

Sphagnum peat

3.8 x 10-6

“

mull

6.9 x 10-6

calibration, Karvonen 2009

exposed bedrock

1.0 x 10-8

stone field

2.3 x 10-5

weathered rock

*

sea bottom mud/gyttja

4.5 x 10-7

Posiva 2009
Keskitalo 2008, Keskitalo and
Lindgren 2007
Posiva 2009, Table 6-2, value varies
as a function of depth
estimated from present/ Olkiluoto

sea bottom clay

7.5 x 10-7

calibration, Karvonen 2009

sae bottom till

2.5 x 10-6

calibration, Karvonen 2009

coarse fine sand
fine sand

The proportion of fine fraction (<0.063 mm) of the till varies between 32- 41 % and the
proportion of clay (<0.002 mm) 7- 14 % (Lahdenperä et al. 2005; Lahdenperä 2009).
For the gravel, sand and silt fractions (Ø < 2 mm) the typical minerals in order of
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abundance are quartz, plagioclase, potassium- feldspar, mica, chlorite and hornblende
(Lahdenperä et al. 2005; Lintinen et al. 2003). Typical minerals in the clay fraction (Ø <
0.002 mm) are illite, hornblende and chlorite (Lintinen et al. 2003). Specific surface
area of soil particles varies between 2.3-15 m2/g and density between 2.8-3.0 g/cm3
(Lintinen and Kahelin 2003; Lintinen et al. 2003).
The main exchangeable cations in the Olkiluoto soils are Ca2+, Mg2+, K+, Na+, Al3+ and
H+ (Lahdenperä et al. 2005, Lusa et al. 2009). The nature of the soils is acidic and pH
increases with soil depth (Lahdenperä et al. 2005; Lahdenperä 2009; Lusa et al. 2009).
pH in the humus layer is typically 3.7- 4.4, in the surface soils 4.0- 8.0 and in the Clayer (unaltered soil material) 6.5- 8.0 (Lahdenperä et al. 2005; Lahdenperä 2009; Lusa
et al. 2009). The average groundwater surface is usually around 2 meters below ground
surface (Lahdenperä et al. 2005).
The cation exchange capacity (CEC) of the Olkiluoto soils taken from three different
excavator pits OL-KK14, OL-KK15 and OL-Kk16 were the greatest in the humus
layers (Lusa et al. 2009). This is because organic material has a large concentration of
ion exchange groups, especially –COOH groups, creating CEC capacities as high as
1500-5000 mmol H+/kg dry weight (Birkeland 1984). In Lusa et al. (2009) study the
CEC was calculated as the sum of potassium, sodium, magnesium and calcium ions
extracted from the soil samples with 1M BaCl2 (exchangeable cations). The CEC of the
humus varied from 50 mmol/kg to 430 mmol/kg in Lusa et al. (2009) study. The CEC
of the uppermost mineral soil layer (MS1) was the smallest among the studied mineral
soil layers, being 6-17 mmol/kg. Correspondingly, the CEC in the underlying MS2 layer
was the highest, varying between 19 and 30 mmol/kg. This was explained with the
higher content of clay sized particles. Below MS2 layer the CEC decreased with depth,
and the values of CECs were between 11 and 21 mmol/kg. CECs were calculated for the
grain sizes <0.063, 0.063-0.125, 0.125-0.25, 0.25-0.5, 0.5-1.0 and 1.0-2.0 mm. The
largest grain size, >2 mm, was not included. CECs decreased with increasing grain size
(Lusa et al. 2009).
On Olkiluoto Island the organic matter content of the till is usually less than 1.8 %
(Lahdenperä et al. 2005; Lahdenperä 2009; Lintinen and Kahelin 2003; Lusa et al.
2009). The dry matter content in mineral soils is usually 78- 99 % (Lahdenperä et al.
2005; Lahdenperä 2009; Lusa et al. 2009). In the humus layer the proportion of organic
matter varies from 68 to 82 % and the dry matter content between 22 % and 33 % (Lusa
et al. 2009; Roivanen 2006). Humus layer thickness varies between 2.3 cm and 21.1 cm
for mineral soils and peat layers 6- 115 cm at Olkiluoto (Rautio et al. 2004).
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3

FACTORS AFFECTING THE BEHAVIOUR AND SPECIATION OF
RADIONUCLIDES IN SOILS

3.1 Retardation processes
In Figure 1 can be seen different retardation processes taking place in soils (JedinákováKížová 1998). A retardation process can be defined as any process that delays and
inhibits the migration of a substance in the groundwater flow. Section A in Figure 2
describes the diffusion of ions into dead- end pores, i.e. pores through which the
groundwater does not flow and which are not continuously attached to a larger pore
network.

Figure 2. Mechanisms of retardation processes of radionuclides taking place in soils
(Jedináková-Kížová 1998).
Section B represents the filtration of molecules and exclusion of ions (JedinákováKížová 1998). Molecular filtration takes place when a molecule is larger than a pore
and it can not diffuse through it. Ion exclusion takes place when the surface of a pore
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has the same charge as the ion, thus repelling each other from their vicinity. Ion
exclusion can actually accelerate the migration of a substance, because penetration to
smaller pores and channels is hindered and migration takes place through larger flow
channels.
Section C in Figure 2 describes sorption (Jedináková-Kížová 1998). Sorption can be
divided to physical and chemical sorption. Sorption is defined as physical sorption,
when adsorbent, the adsorbing media, binds the substance to its surface through weak
physical van der Waals forces (Atkins and de Paula 2002). The range of physical
sorption in solution is wider than that of chemical sorption. Chemical sorption occurs
through the binding of a substance with chemical (covalent) bonds on the surface of
adsorbent. Chemical sorption is also called inner sphere complexation. Ion- exchange is
a sub- class of chemical sorption. It is explained as the exchange of ions present in the
solid phase with those present in the liquid phase. In equation 1 is written a simple
zB

binary exchange process between ions in the solid phase, B , and ions in the
solution, Az A :

zB Az A  z A B

zB

l z A B z B  zB A

zA

[1]

Equation 1. Binary ion- exchange reaction. A z A and B z B represent ions present in the
zA

zB

liquid phase, A and B represent ions present in the solid phase, zA is the charge on
ion A and zB is the charge of ion B.
Ion exchange, or outer sphere complexation, can be divided into cation exchange, when
exchangeable ions are cations, and anion exchange, when exchangeable ions are anions.
Binding takes place through the electrostatic attraction of the opposite charges of the
exchangeable ion and the sorbent. The usual sorbents for cationic species in soils are
oxides of Fe, Al, and Mn, the clay minerals and other minerals present. Anionic species
are sorbed by the soil humus matter, iron oxides and a few clay minerals (halloysite and
imogolite) (Koch-Steindl and Pröhl 2001).
In mineralization (Section D in Figure 2) an ion is incorporated into the mineral lattice
of a substance and a solid material is formed (Jedináková-Kížová 1998). Thus, the ion
is immobilized. Precipitation (section E) takes place when the solubility constant of a
substance is surpassed and a solid phase is formed in the liquid phase. Radionuclides do
not usually precipitate forming solids by themselves or with the stable isotopes of the
same element, but are incorporated by adsorption onto the surfaces of solids or are
incorporated in the mineral lattice of solids formed by other substances. In surface
adsorption, the precipitate is usually formed by iron (iron hydroxide) or other
multivalent metal cation, for example manganese (manganese oxide). The surface of the
formed solid has net positive or negative charge and radionuclides are attracted from the
solution to balance the surface charge by adsorption. Incorporation of radionuclides into
the mineral lattice of the solid formed in the precipitation reaction can occur in two
different mechanisms. When parent ions are substituted evenly and without the forming
of lattice imperfections, substitution is isomorphic. In such a case the parent ion and
radionuclide are chemically close and resemble each other, for example when strontium
is precipitated with barium sulphate. The substitution gives normal mixed crystals.
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When parent ions and substituting ions are not chemically close, substitution does not
take place evenly and lattice imperfections are created. Anomal mixed crystals are
developed. A precipitation reaction can be followed by the mineralization of
radionuclides.
Among the different retardation processes presented in Figure 2, namely diffusion into
“dead-end” pores (A), molecular filtration and ion exclusion (B), sorption and ion
exchange (C), mineralization (D) and precipitation (E), sorption and ion exchange are
discussed for iodine, chlorine, technetium and cesium. Also ion exclusion is briefly
mentioned. Other retention processes are not included in this literature study.
3.2 Soil solution
pH of the soil solution affects to the protonation degree of aluminol (-AlOH), silanol (SiOH), hydroxyl groups attached to other metals (-MOH) and functional groups found
on the surfaces of solids (Viers et al. 2001). Usually, the sorption of anionic
radionuclides increase with decreasing pH, as the opposite is true for cationic
radionuclides.
Radionuclides can be sorbed on dissolved organic carbon, for example on humic acids
or fulvic acids in the solution (Bennett and Willey 2003; Pérez-Sánchez et al. 2009;
Sheppard et al. 1995; Ticknor et al. 1996; Viers et al. 2001). Increased DOC
concentrations may also inhibit the sorption of cationic radionuclides by forming
coatings on solid surfaces and blocking the entrance to the clay mineral interlayers
(Campbell and Davies 1995; Rigol et al. 2002).
The increased concentration of stable cations present in the soil solution increases the
competition from sorption sites between Cs+ and stable cations (Kamel and Navratil
2002; Shenbar and Eriksson 1993). The strongest competition comes from stable Cs+,
NH4+ and K+ (Shenbar and Eriksson 1993).
The competition of sorption sites between anionic radionuclides and stable anions
present in the soil solution may increase as the anion concentration in the soil solution
increases (Bors et al. 1991; Lieser and Baucher 1987).
Lusa et al. (2009) examined the properties of soil solution samples separated from the
humus layer and mineral soil layers of three excavator pits dug in the Olkiluoto Island.
Lusa et al. (2009) studied the pH, dissolved organic carbon (DOC), cation and anion
concentration of the soil solution. The results from pH, DOC, main cation and anion
measurements made from soil solution samples of two forests stands on Olkiluoto
Island have been summarized previously (Haapanen, R. 2006, 2007a, 2008; Haapanen
A. 2009). These stands were included in forest intensive monitoring plots, FIPs. FIP4
represented Scots pine forest stand and FIP10 Norway spruce forest stand.
3.2.1

pH of the soil solution

In Lusa et al. (2009) pH of the soil solution had the lowest values in the humus layers in
two of the three excavator pits, namely in the OL-KK14 and OL-KK15. pH was approx.
4-5 and decreased with depth to approx. 7.5-8. In OL-KK16 the lowest pH was found in
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the MS1 mineral soil layer, being approx. 6. The pH in the humus layer was approx. 6.7
and decreased with depth to 7.5 in the under most mineral soil layer (MS4). Figure 3
presents the pH of the soil solution as a function of the soil layer.
On FIP4 and FIP10 stands, the pH values of the soil solution increased with depth
(Haapanen, R. 2006, 2007a, 2008, Haapanen A. 2009): pH decreased approx. from 4.2
to 5.35 as the depth increased from 5 to 30 cm in FIP4 plot. In FIP10, the pH value in 5
cm was approx. 4.46 and in 30 cm 5.75. These results are in good agreement with the
result from Lusa et al. (2009).

Figure 3. pH of the soil solution as a function of soil layer (depth) (Lusa et al. 2009). pH
measurements were done for the samples taken from the soil layers in excavator pits
OL-KK14, OL-KK15 and OL-KK16.
3.2.2

Dissolved organic carbon (DOC) in the soil solution

In filtered (0.45 μm) soil water samples the largest DOC- values were found in the
samples taken from the humus layer (Lusa et al. 2009). In excavator pit OL-KK14 DOC
had the greatest value, 160 mg/l, and in OL-KK16 the smallest, 80 mg/l. In OL-KK15
DOC was 120 mg/l in the humus layer. DOC- values decreased rapidly to 10-20 mg/l in
the second uppermost mineral soil layer (MS2) and remained practically within this
range in all underlying mineral soil layers. Figure 4 presents DOC concentration in the
soil solution as a function of soil layer.
In FIP4 and FIP10 stands the DOC concentration decreased with depth (Haapanen, R.
2006, 2007a, 2008; Haapanen A. 2009). In the other hand, in FIP10 stand the DOC
concentrations were higher than in FIP4 plot: in the depth of 5 cm and 30 cm the DOC
concentration was approx. 108.0 mg/l and 28.2 mg/l for FIP4 compared with 127.4 mg/l
and 51.5 mg/l for FIP10.
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Figure 4. DOC concentrations of soil solution as a function of soil layer (depth) (Lusa
et al. 2009). DOC measurements were done for the samples taken from the soil layers in
excavator pits OL-KK14, OL-KK15 and OL-KK16.

3.2.3

Cations in the soil solution

The main cations measured from the soil solution were sodium (Na), potassium (K),
magnesium (Mg) and calcium (Ca) (Lusa et al. 2009). Other determined cations were
aluminium (Al), chromium (Cr), manganese (Mn), iron (Fe), nickel (Ni), copper (Cu),
zinc (Zn), arsenic (As), sulphur (S), cadmium (Cd), cesium (Cs), lead (Pb) and uranium
(U).
The concentrations of the main cations Na, Mg and Ca in the soil solution showed no
dependence on depth in the range of 0-300 cm (Lusa et al. 2009). Among the excavator
pits examined, the maximum sodium concentration was found in the soil solution of the
under most mineral soil layer of the excavator pit OL-KK15 (16 mg/l) and the minimum
concentration in the MS2 mineral soil layer of OL-KK14 (1.5 mg/l). The average Na
concentrations were 3.9±2.1 (value±standard deviation), 8.3±5.4 and 5.1±2.0 mg/l for
the excavator pits OL-KK14, OL-KK15 and OL-KK16 respectively. The maximum and
minimum concentrations of magnesium were found in the MS2 mineral soil layers of
the excavator pits OL-KK15 and OL-KK14, being 12.5 and 0.5 mg/l respectively. The
average Mg2+ concentrations were 2.5±1.7, 6.5±3.9 and 5.3±2.4 mg/l for the excavator
pits OL-KK14, OL-KK15 and OL-KK16. The highest calcium concentrations, 24 mg/l,
were found in the soil solution sample taken from the humus and MS3 layers of the
excavator pit OL-KK16. The minimum Ca2+ concentrations, 2 mg/l, were found from
the MS2 and MS4 mineral soil layers from the excavator pits OL-KK14 and OL-KK15.
The average Ca2+ concentrations for the excavator pits OL-KK14, OL-KK15 and OLKK16 were 7.7±5.8, 9.9±6.7 and 17.3±6.5 respectively.
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The potassium concentrations of the soil solution samples taken from three excavator
pits were the highest in the humus layers, ranging from 12 to 17 mg/l (Lusa et al. 2009).
Among the mineral soil layers, the highest K+ concentration in the soil solution was
found in the MS5 mineral soil layer of OL-KK15 (11 mg/l). The minimum K+
concentration was found in the MS2 mineral soil layer of OL-KK14 (0.5 mg/l). The
average K+ concentrations were 5.6±6.2, 7.5±5.5 and 6.1±4.3 mg/l for the excavator pits
OL-KK14, OL-KK15 and OL-KK16.
Figure 5 presents the concentrations of Na, Mg, Ca and K in the soil solution samples
taken from the soil layers in the excavator pits OL-KK14, OL-KK15 and OL-KK16.
In FIP4 plot the average concentrations of Na+, Mg2+, Ca2+ and K+ were 3.4±1.2,
1.0±0.2, 3.7±1.2 and 2.4±1.4 mg/l, respectively (Haapanen, R. 2006, 2007a, 2008;
Haapanen A. 2009). In FIP10 plot the average concentrations for Na+, Mg2+, Ca2+ and
K+ were 11.0±5.9, 3.6±1.1, 10.7±1.1 and 3.0±2.2 mg/l.

Figure 5. The concentrations of Na (A), Mg (B), Ca (C) and K (D) in the soil solution
as a function of soil layer (depth) (Lusa et al. 2009). The cation concentrations were
measured for the samples taken from the soil layers in excavator pits OL-KK14, OLKK15 and OL-KK16.
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Among the measured trace cations, the concentrations of aluminium, chromium, nickel,
copper, zinc, arsenic and lead were the greatest in the humus layer and decreased with
increasing depth (Lusa et al. 2009). The concentration of iron was the greatest in the
humus layer for the excavator pit OL-KK14. In OL-KK15 and OL-KK16 the greatest
iron concentration was found in the uppermost mineral layer MS1. Otherwise the
concentration of iron decreased with increasing depth.
The concentration of manganese and sulphur were high in the humus layer, decreasing
from MS1 to MS3 and increasing again considerably in the under most mineral soil
layers (MS4 or MS5) (Lusa et al. 2009). The concentration of cadmium and cesium
were low in all the studied soil solution samples. Cd2+ and Cs+ were found in the humus
layer and MS1 mineral soil layers. Cs+ was not found in the OL-KK16 samples.
The concentration of uranium in the excavator pit OL-KK14 decreased from 1.7 μg/l in
the humus layer to 0 μg/l in the MS2 and MS3 layers, increasing again to 2.7 μg/l in the
MS4 layer (Lusa et al. 2009). In OL-KK15 the uranium concentration had the maximum
value of 10.2 μg/l in the under most mineral soil layer MS5. In the OL-KK16 pit the
uranium concentration was practically constant. The maximum value of 3.7 μg/l was
found in the MS3 mineral soil layer.
Compared with the other measured trace cations, the maximum concentrations of
aluminium and iron were significantly greater (Lusa et al. 2009). The maximum
concentration of Al and Fe were 3000 and 2400 μg/l, when the maximum
concentrations of Mn and Zn were 240 and 170 μg/l. These values were measured from
the soil solution sample taken from the humus layer of OL-KK14. The maximum
concentrations of copper and nickel were 86 and 15 μl/g in the humus layers in the
excavator pits OL-KK16 (Cu) and in the OL-KK14 (Ni). The maximum concentrations
of other trace metal cations were well below 10 μg/l. The concentration of sulphur was
comparable to those of the main cations.
In Appendix 1 are summarized the concentrations of the trace cations in the soil solution
samples taken from the different soil layers from the excavator pits OL-KK14, OLKK15 and OL-KK16 in Olkiluoto. Also the average concentrations for the metals in the
soil solutions are included.
3.2.4

Anions in the soil solution

The anions measured from the soil solution samples were fluoride (F-), chloride (Cl-),
nitrate (NO3-) and sulphate (SO42-) (Lusa et al. 2009). The fluoride concentration had no
dependence on soil depth. In soil solution samples taken from the excavator pits OLKK14 and OL-KK16, the F- concentrations were in the range of 1 to 3 mg/l. In
excavator pit OL-KK15 the F- concentration had the greatest concentration in the humus
layer, 8 mg/l, and the smallest in the under most MS5 mineral soil layer, 1.5 mg/l. The
average F- concentrations were 2.6±0.5, 4.1±2.6 and 1.8±1.0 mg/l for OL-KK14, OLKK15 and OL-KK16, respectively.
In OL-KK14 and OL-KK16 the maximum chloride concentration was found in the
humus layer, 15 and 20 mg/l, respectively, and decreased with depth to approx. 10 mg/l
in the under most mineral soil layers (Lusa et al. 2009). In the OL-KK15 excavator pit
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the maximum Cl- concentration in the humus layer was 58 mg/l. The minimum
concentration was 20 mg/l in the uppermost MS1 mineral soil layer, and increased to 33
mg/l in the MS2-MS5 mineral soil layers. The average Cl- concentrations were
13.1±5.0, 35.4±12.1 and 13.5±7.8 mg/l for OL-KK14, OL-KK15 and OL-KK16,
respectively.
The nitrate concentration was practically constant throughout the examined soil layers
in the excavator pits OL-K14 and OL-KK15, being 0.5-1 mg/l (Lusa et al. 2009). In the
OL-KK16 excavator pit the maximum NO3- concentration was found in the humus layer
(7.5 mg/l) and decreased to 1.5 mg/l in the uppermost MS1 mineral soil layer and to 0.5
mg/l in the mineral soil layers MS2-MS4. The average NO3- concentrations were
0.6±0.3, 0.3±0.2 and 2.1±3.0 mg/l for OL-KK14, OL-KK15 and OL-KK16,
respectively.
The sulphate concentration had the greatest variation among the studied anions (Lusa et
al. 2009). In OL-KK14 the SO42- concentration was 20-40 mg/l throughout the soil
layers studied. In OL-KK15 maximum concentration was found in the MS2 layer, 205
mg/l, and in OL-KK16 in the MS3 layer, 160 mg/l. Minimums were 40 mg/l in the MS5
layer of the excavator pit OL-KK15 and 20 mg/l in the MS1 layer of OL-KK16. The
average SO42- concentrations were 27.1±10.9, 88.8±63.8 and 69.2±53.3 mg/l for OLKK14, OL-KK15 and OL-KK16, respectively.
Figure 6 presents the concentrations of F-, Cl-, NO3- and SO42- in the soil solution
samples taken from the soil layers in the excavator pits OL-KK14, OL-KK15 and OLKK16.
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Figure 6. The concentrations of F- (A), Cl- (B), NO3- (C) and SO42- (D) in the soil
solution as a function of soil layer (depth) (Lusa et al. 2009). The anion concentrations
were measured for the samples taken from the soil layers in excavator pits OL-KK14,
OL-KK15 and OL-KK16.
In FIP4 plot the average concentrations for Cl-, NO3- and SO42- were 4.3±0.8,
0.025±0.01 and 1.6±0.9 mg/l, respectively (Haapanen, R. 2006, 2007a, 2008; Haapanen
A. 2009). In FIP10 plot the average concentrations for Cl-, NO3- and SO42- were
13.0±5.3, 0.1±0.1 and 7.7±4.8 mg/l.
3.2.5

Ionic strength of the soil solution

The ionic strengths (I) of the studied soil solutions were calculated from the
concentrations of anions and cations (Lusa et al. 2009). Ionic strength is defined as in
Equation 2 (Saarinen and Lajunen 2000). When calculating the ionic strength of the
solution, all ionic species present in the solution have to be taken into account.

I = ½[i]Zi2

[2]

Equation 2. The definition of ionic strength I. In Equation 2 [i] = the concentration of
ion i and Zi = the charge of the ion i.
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In the excavator pit OL-KK14, the ionic strength increased with increasing depth from
113 mmol/l in the humus layer to 171 mmol/l in the under most mineral soil layer MS4
(after Lusa et al. 2009). The average ionic strength was 116 mmol/l. In the case of the
excavator pit OL-KK15, the ionic strength increased from 240 mmol/l in the humus and
MS1 layers to 865 mmol/l in the MS2 layer, and decreased again with depth to 172
mmol/l in the MS5 layer. The average ionic strength was 376 mmol/l. In the excavator
pit OL-KK16, the maximum value was found in the mineral soil layer MS3 (675
mmol/l). The minimum value was found in up most mineral soil layer MS1 (77
mmol/l). The average ionic strength was 297 mmol/l.
In Table 2 are summarized the ionic strengths calculated for the soil solution samples
taken from the different soil layers from the excavator pits OL-KK14, OL-KK15 and
OL-KK16 after the data given in Lusa et al. (2009). The average ionic strengths are also
included.
Table 2. The ionic strengths for the soil solution samples taken from different soil layers
from the excavator pits OL-KK14, OL-KK15 and OL-KK16 and the average ionic
strengths.
Excavator pit
OL-KK14

OL-KK15

OL-KK16

Soil layer

Ionic strength (mmol/l)

Humus
MS1
MS2
MS3
MS4

113
62
83
153
171

AVERAGE
Humus
MS1
MS2
MS3
MS4
MS5

116
243
239
863
524
215
172

AVERAGE
Humus
MS1
MS2
MS3

376
256
77
254

MS4

675
223

AVERAGE

297
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3.3 Redox conditions
In soil the main factors controlling the speciation of radionuclides are the redox
potential and pH of the soil (Koch-Steindl and Pröhl 2001). The redox potential of the
soil is determined by a variety of factors and all redox processes in soil take place in the
presence of water. Factors affecting the redox potential of soil include soil type,
distance to the water table, the biological activity of the soil and existence of soil
horizons of very low permeability. In Figure 7 the typical ranges of soil and soil microorganisms in nature are given as a function of redox potential and pH.

Figure 7. The redox limits of soils and micro-organisms in nature (dotted line) (KochSteindl and Pröhl 2001). Solid lines represent the stability limits of soil solutions. Line
pO2 represents the redox potential as a function of pH in which O-H bonds in the water
molecules begins to break and oxygen gas (O2) is formed. Consequently, pH2 represent
the redox potential as a function of pH in which hydrogen gas (H2) is formed from the
liberated hydrogen atoms after the break down of the O-H bonds.
The amount and the diffusion rate of oxygen in soil layers control the redox-reactions
taking place (Koch-Steindl and Pröhl 2001). In Figure 7 the dotted area is divided into
normal, wet and waterlogged sections. These sections describe the aeration status of the
soil (the amount of oxygen present in soil).
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Normal, well aerated conditions prevail in the soil surface and topmost soil layers,
where the supply of oxygen is infinite and the diffusion of oxygen is not prevented. In
these conditions, the Eh-potential lays around 350- 550 millivolts (mV) at pH 7.
Wet soil conditions are found in the vicinity of the groundwater table. The capillary rise
and fall of the groundwater surface saturate the spaces between soil particles
occasionally with water. The diffusion of oxygen is prevented under the groundwater
surface and in the pore spaces filled by groundwater. In wet soils, oxygen gas is not
detected. The redox potential drop to 150- 330 mV in pH 7.
Waterlogged soil conditions prevail in the soil layers which are saturated with
groundwater, meaning that these soil layers are under the groundwater surface for most
of the time or nearly permanently. In waterlogged conditions, the redox potential
reaches negative values, ranging from -50 to -180 mV in pH 7.
In Table 3 are presented the redox reactions taking place under normal (well aerated),
wet and waterlogged soil conditions and the values of redox potential attached to these
in pH 7.

Table 3. The redox reactions taking place under normal (well aerated), wet and
waterlogged soil conditions and the values of Eh-potentials attached to these in pH 7
(Koch-Steindl and Pröhl 2001).
Soil aeration status

Redox reactions

Redox potential (mV)

Well aerated soils

NO3- reduction begins

450 – 550

Mn2+ formation begins

350 – 450

O2 is not detected

330

NO3- is not detected

220

Fe2+ formation begins

150

Wet soils

Waterlogged soils

SO42- reduction and SO32- -50
formation
CH4 formation begins
-120
SO42- is not detected
-180

3.4 Sorption
Soils contain different cation adsorbing components especially in the silt and clay
fractions (Koch-Steindl and Pröhl 2001). Important soil components affecting the
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sorption of radionuclides are e. g. minerals like smectite, illite and chlorite as well as
oxides and hydroxides of iron, aluminum and manganese. Among these soil
components important cation adsorbing minerals are illite, smectite, vermiculite and
mica, owing to their intrinsic negative charge. Important anion adsorbing clay minerals
are halloysite and imogolite. Minerals present in the clay fraction of the Olkiluoto soils
in major amounts are quartz, potassium feldspar and plagioclase (Lusa et al. 2009).
Minor amounts of illite, hornblende, chlorite, mica, amphibole, hematite and kaolinite
can be found (Lintinen et al. 2003; Lusa et al. 2009).
Clays carry permanent negative charge, which results from replacement of cations (Si4+)
by cations with a lower positive charge (Al3+) within the mineral lattice (Koch-Steindl
and Pröhl 2001). This permanent negative structural charge is balanced by exchangeable
cations present in the interlayer spaces of clays. The capacity of clays to adsorb cations
depends on the mineral in question and on the saturation degree of the permanent
negative charge of the clays (i.e. on the degree of cations sorbed in the interlayer
spaces).
Besides the permanent charge, clays also carry a variable positive or negative charge,
depending on the protonation of hydroxyl (-MOH), aluminol (-AlOH) and silanol (SiOH) functional groups (Koch-Steindl and Pröhl 2001). The protonation and
deprotonation of surface hydroxyl groups takes place by the following reactions (Kamel
and Navratil 2002):

M-OH + H+  M-OH2+

pH < pHpzc

M-OH  M-O- + H+

pH > pHpzc

The sorption of anions is greatly dependent on the pH of the soil solution, as the surface
charge of the mineral in question changes when pH decreases below the pH point of
zero charge (pHpzc) of the mineral, or increases above it (Viers et al. 2001). When pH =
pHpzc, the concentration of protonated (M-OH2+) and deprotonated (M-O-) sorption sites
are equal. As long as M-OH2+ sites are available, anions can be sorbed on mineral
surfaces due to the positive surface charge (M-OH2+ > M-O-). When pH increases and
overcomes the pHpzc (pH > pHpzc), cations can be sorbed on mineral surfaces and anions
are repelled from the vicinity of surfaces because of the negative surface charge (MOH2+ < M-O-).
3.5 Microbial effects
Micro-organisms can affect the soil and soil solution composition through several
different mechanisms and thereupon affect the migration and geo- and biochemical
cycling of radionuclides (Tamponnet et al. 2008). These mechanisms include:
x
x
x

Altering the soil pH via production of organic acids and bases
Altering the soil Eh from oxic to anoxic via respiration (i.e. the consumption of
oxygen)
Altering the structure of soil through the formation of mineral aggregates
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x
x

Radionuclides may become fixed to microbial cell walls or to the extracellular
polysaccharides of bacteria. Fixed radionuclides remain in the micro-organisms
even if the environment (e.g. soil solution) of the micro-organisms changes.
Radionuclides can be actively taken up by micro-organisms (bioaccumulation).
Secretation back to soil solution can take place due to changes in the
composition of the soil solution.

In soil systems with a large input of organic matter, the soil microbiota (including
bacteria, fungi, protozoa, algae and microfauna) is highly active and has an important
role in the transformation of organic matter (Tamponnet et al. 2008). The microorganisms of soil can modify both soil structure and geochemical cycles. The fraction of
radionuclides linked to soil organic matter and soil micro-organisms is of importance
since it remains readily exchangeable and is thus available to plant uptake.
3.6 Soil types and profiles
Soil types are divided into mineral soils and organic soils (Aaltonen et al. 1949).
Organic soils include mud and lakemud soils, gyttja, humus soils and peat soils
(Aaltonen et al. 1949; Koljonen 1992). Mineral soils are composed of soil types, which
solely consist of mineral material, or where the amount of organic material is very low
(Aaltonen et al. 1949). These soil types are named and classified after the dominant
grain size group or groups, and are divided into sorted and unsorted mineral soils
according to the relative percentages of the dominant grain size group(s) (Aaltonen et al.
1949, Haavisto- Hyvärinen and Kutvonen 2007). Unsorted mineral soils, also known as
tills, contain all grain size groups or several approximately same sized grain groups
(Haavisto- Hyvärinen and Kutvonen 2007). In sorted mineral soils, usually one
dominant grain size group can be separated, and based on this coarse grained and fine
grained soil types are found (Haavisto-Hyvärinen and Kutvonen 2007).
The mineral properties of the soil can have a great influence on the sorption of
radionuclides. For example, iodide and technetium are retained in the enrichment layer
of podzolic soils due to the increased concentration of aluminum and iron sesquioxides
(Evans and Hammad 1995; Mousny and Myttenaere 1981; Tagami and Uchida 1996,
Whitehead 1974b). The grain size distribution of the soil affects the sorption of cesium,
as the sorption increases with decreasing grain size (Shenbar and Eriksson 1993).
Cesium is sorbed efficiently on clay minerals and on particles belonging to the clay
fraction (e.g. Torstenfelt et al. 1982).
The formation of the soil profile depends on the topography, parent material, vegetation
cover, temperature and humidity, groundwater height and flow, mineral composition
and grain size distribution, the water conductivity of the topsoil and time (FAO 2006;
Brady and Weil 2002; Haavisto-Hyvärinen and Kutvonen 2007). Also the human
activity such as grazing, trenching, burn- beating, ploughing and soil acidifying has an
impact on soil forming. Altogether, percolating water, air and soil micro-organisms
change the chemical composition of the regolith and create a distinct soil profile
(Koljonen 1992). The main impact is on the vegetation cover, because it is the principal
source of organic matter and plays a vital role in the cycling of the nutrients (FAO
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2006). The nature of the formed soil profile depends on the climate and the chemical
composition of the regolith, and thus in different climate conditions soil profiles of a
different kind are formed (Koljonen 1992). In Finland, Gleysols, Regosols, Arenosols,
Cambisols, Podzols, Leptosols, Fluvisols and Histosols are the soil profiles encountered
(Yli-Halla et al. 2000). In Olkiluoto Island, on the other hand, due to the short time span
of less than 3000 years the soil profiles found are Arenosols, Regosols, Leptosols and
Gleysols (Tamminen et al. 2007).
In this chapter definitions for different soil type or soil profiles found in Olkiluoto
Island and Finland, and the soil profiles from different countries mentioned in the
literature (for example Bors et al. 1991; Bunzl and Schimmack 1988; Kashparov et al.
2005: Muramatsu et al. 1990b; Sheppard et al. 1990; Tao et al. 1996) and presented here
for iodine, chlorine, technetium and cesium are given. These soil types include Andosol,
Arenosol, Brunisol, Calcareous soil, Cambizol, Chernozem, Fluvisol, Gleysol, Grey
lowland soil, Histosol, Leptosol, Orthic acrisol (Parabrown earth), Regosol and Podzol.
Different soil layers and sub layers found in Finnish soils are described. The concept of
the grain size distribution is discussed, as well as the soil textures sandy, loam, clay
loam, clay and till.
3.6.1

Grain size classes and textural classes

The mineral soil layers consist of minerals and soil particles of different size (Mälkönen
2003). Grain size distribution analysis is done by dry sieving for soil particles over 0.06
mm in diameter, and by wet sedimentation (e.g Sedigraph- instrument) for smaller
particles. Results from sieving and sedigraph analyses are combined together as for
grain- size distribution graphs. The categorization of grain sizes in Finnish RT- and
GEO- classification, and the diameter limits are presented in Table 4. RT- (construction
technical) grain size classification resembles the classification used in agriculture and
forestry (Aaltonen et al. 1949). GEO- classification (geotechnical), on the other hand,
was mainly developed to be used in construction engineering (Korhonen et al. 1974).
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Table 4. The categorization of particle size classes and the corresponding diameter
limits (Aaltonen et al. 1949; Haavisto-Hyvärinen and Kutvonen 2007).
RT- classification

GEO- classification
diameter (mm)

soil type

graingroup

boulders

boulders

stones

gravel

sand

finesand

silt

clay

soil type

graingroup

>600

boulders

boulders

600-200

big stones

big stones

200-60

small stones

small stones

60-20

coarse gravel

coarse gravel

20-6

medium gravel

fine gravel

6-2

fine gravel

coarse sand

2-0.6

coarse sand

fine sand

0.6-0.2

medium sand

finesand

0.2-0.06

fine sand

finer finesand

0.06-0.02

coarse silt

coarse silt

0.02-0.006

medium silt

fine silt

0.006-0.002

fine silt

clay

<0.002

clay

stones

gravel

sand

silt

clay

Sorted mineral soils are divided into coarse grained and fine grained soil types based on
the soil texture, i.e. the proportions of different sized soil particles (Brady and Weil
2002; Haavisto-Hyvärinen and Kutvonen 2007). In Finnish classification of soil
textures, the coarse grained soil types include boulders, stones, gravel, sand and
finesand, whereas fine grained soil types comprise of finer finesand, silt and clay (RTclassification) (Haavisto- Hyvärinen and Kutvonen 2007; Koljonen 1992). Soil textural
classes stand for the classification of soil textural units on the basis on the proportions
of different sized soil particles (Brady and Weil 2002). In Finland, textural classes
follow the outline to coarse and fine grained soil textures and seven classes can be
distinguished; boulder, stone, gravel, sand, finesand, silt and clay soils (Aaltonen et al.
1949).
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Boulder soils and stony soils consist of boulders and stones, for which the particle
diameter is over 60 mm (Aaltonen et al. 1949). Boulders are usually angular whilst
rocks are usually rounded. Boulder soils are wastelands (Aaltonen et al. 1949), unless
the deposits are extensive enough and passable, then they may be used as raw material
for crushed aggregate (Haavisto-Hyvärinen and Kutvonen 2007). Stony soils, in the
other hand, are very poorly growing forest soils. Boulder and stony soils are
encountered in watershed areas, in hills, in the vicinity of eskers, as narrow bands in the
coastal formations of various ages and on the channels of waterways (Aaltonen et al.
1949).
The dominant graingroup in gravel soils is gravel, for which the diameter ranges from
2mm to 60 mm (Aaltonen et al. 1949). Gravel soils usually contain stones and sand, and
in some cases even smaller particles differing from amounts. Stones and sand particles
are slightly rounded. Gravel soils are stratified and easily water permeable, which
hinders the rise of water and water logging. Gravel soil is dry and poorly growing forest
soil, which typically has steep edges. Together with sand and finesand, gravel soil form
long, continuous esker lines in different parts of Finland.
In sand soils the dominant grain size group is sand, 0.2- 2.0 mm in diameter (Aaltonen
et al. 1949). Sand soils are usually quite loose, where water infiltrates easily and thus
restrains the rise and withholding of water. Air supply in sand soils is usually
considerable, but the amount of plant nutrients is low. Sand soils are found in the
vicinity of eskers. Sand soils are further divided into coarse sand soils (0.6- 2.0 mm) and
fine sand soils (0.2- 0.6 mm). Coarse sand soils are not suited for agriculture, and as a
forest soil, they are deficient in productivity. Fine sand soils are somewhat suitable for
agricultural uses, if the sand layer above compact subsoil is less than 0.5 m and it
contains 3- 6 % of organic matter.
In finesand soils the particle diameter is 0.02- 0.2 mm for the dominant fraction and the
clay content is less than 20 % (Aaltonen et al. 1949). Water permeability and retention
is good, and the capillary rise of groundwater can be relatively quick and extend to
considerable heights. The retention of plant nutrients is poor. Finesand soils are by far
the best forest soils and are suited also for agriculture. In contrast to finesand soils, finer
finesand soils are effective in nutrient and water retention, but the percolation of water
is poor.
The dominant grain group in silt soils is silt, 0.02- 0.002 mm in diameter, but the
content of clay and finesand fractions is usually high, 20- 30 % (Aaltonen et al. 1949).
The capillary rise of groundwater is slower than in finer finesand, and even small
amount of water makes the soil “running”. Silt soils are, in practice, water impermeable.
This soil type is not suitable for agricultural uses, because after drying soil becomes too
hard and compact, so that cultivation is not possible. The concentration of plant
nutrients is higher than in finesand soils, and the retention of nutrients is also better.
Clay soils contain clay, for which the diameter is <0.002 mm, minimum of 30 %
(Aaltonen et al. 1949). As wet, clay soils are plastic and tough, and as dry, hard and
susceptible to cracking. The capillary rise of groundwater is relatively slow, but the
retention is notable. The percolation of water is easier than in silt soils due to the
cracking of the clay soil (Aaltonen et al. 1949; Haavisto- Hyvärinen and Kutvonen
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2007). Clay soils are further divided into finesand clay, silt clay and heavy clay
according to the clay content; 30- 40 % in finesand, 40- 60 % in silt clay and >60 % in
heavy clay. Finesand clay contains silt and finer finesand particles approximately 2030 % both, and only a little of sand. Finesand soil is considered one of the best soils for
cultivation due to the favourable aeration and moisture status. Silt clay contains about
40 % of silt, and in some instances also finesand particles. Silt clay is thought to be the
worst clay soil because of its physical features, which resembles to those of silt. Heavy
clay contains some 20 % of silt. Heavy clay soils are used for cultivation, especially
when rich in humus matter. The retention of water and plant nutrients is excellent.
Figure 8 presents the relations between Finnish (upper triangle) and internationally used
soil textural classes (lower triangle) (Yli-Halla et al. 2000). In internationally used
classifications, such as FAO, WRB (world reference base) or Soil Taxonomy, three
main soil textural classes are recognized, namely sandy soils, loamy soils and clayey
soils (Brady and Weil 2002; Yli-Halla et al. 2000).
The parent material in sandy soils is mainly weathered rocks, such as limestone, quartz,
granite and shale (Brady and Weil 2002), from which limestone is not met in Finland.
Cultivation is easy when soil contains sufficient amounts of organic matter. Sandy soils
have a tendency to the over- drain and dry out in warm summer months. On the other
hand, on wet weather the retaining of water and plant nutrients is poor. Loamy soils
contain approximately 40 % of sand, 40 % of silt and 20 % of clay (Brady and Weil
2002). The range of loamy soils extends form fertile and effortlessly workable organic
rich soils to compactly packed turf. Draining of water is good although the retaining of
water and plant nutrients is also fine. Loamy soils are excellent for agricultural uses.
Loamy soils are not typically met in Finland. Clayey soils consist of fine particles with
hardly any air spaces, which make the soil susceptible to water- logging (Brady and
Weil 2002). This soil type usually has poor draining and demand hard work when used
in agricultural uses, but when draining is sufficient, plant growth is good as clays
contain high levels of nutrients.
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Figure 8. Finnish soil textural classes (upper triangle) for grain size groups from 2mm
to <0.002mm, and triangle used in international soil textural classifications (lower
triangle) (Yli-Halla et al. 2000).
Ammonia gas produced in the soil- plant system is easily lost from sandy soils due to
the usually low concentration of clay and humus, whereas clayey soils are excellent in
retaining it (Brady and Weil 2002). The bulk density of sandy soils is higher than in
loamy or clayey soils ranging from 1.25 to 1.78 Mg/m3. The respective value for loamy
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and clayey soils is 0.8- 1.5 Mg/m3. The CEC of the soil depends greatly on the soil
texture, increasing as the proportion of clay- sized particles increases. The CEC for
loamy sands is approximately 0.05- 5 cmolc/kg while the value for clay loams is as high
as 17.5- 42.5 cmolc/kg.
Till is the most abundant mineral soil sediment present in Finland, covering
approximately 50 % of the land surface (Koljonen 1992). It contains all grain size
groups or several approximately same sized grain groups mixed together (Aaltonen et
al. 1949; Haavisto-Hyvärinen and Kutvonen 2007). Till soils are only weakly sorted.
Rocks and smaller particles have sharp edges and are partly covered by particles
belonging to finer grain size classes (Aaltonen et al. 1949). Till deposits are formed
from bedrock, preglacial sediments and “in situ” weathered bedrock during the Glacial
Epoch by the action of large ice masses (Aaltonen et al. 1949, Koljonen et al. 1992).
The colour of the till is typically brown or brownish grey (Aaltonen et al. 1949). Surface
soils in tills are usually reasonably loose, whereas subsoils are cemented and very
compact. The acidity of the tills soils is in the range of pH 4.5 to 6, and decreases with
depth. Grounwater surface typically lies near the surface due to the low permeability of
the tills (Haavisto-Hyvärinen and Kutvonen 2007).
Tills are called ablation or basal tills based on the way of transport within a glacier
(Bennet and Glasser 1996). Material transported in the bottom parts of a moving glacier
stratified as basal till upon the melting of a glacier, and cover bedrock as a quite
continous layer smoothing the irregularities (Haavisto- Hyvärinen and Kutvonen 2007).
Basal till formations can be several meters thick. Basal tills are rather compact
compared to ablation tills, which are formed from the material transported inside the
moving glacier and enriched in the top parts (Haavisto-Hyvärinen and Kutvonen 2007).
Once the glacier begun to melt, ablation tills were stratified on the top of basal tills,
creating a loose layer having a more diverse texture. The texture of ablation tills is
typically coarser and more sorted than in basal tills. The thickness of ablation till
formations is usually 0-1 m, but in some instances even several ten meters.
Tills soils are divided into gravelly till, sandy till and fine- grained till (Aaltonen et al.
1949; Koljonen 1992). Gravelly till accounts for about 10 % of all the till soils, when
the respective values for sandy till and fine- grained till are 75 % and 15 % (Koljonen
1992).
Gravelly till is nutrient poor soil type, which is unsuitable for agricultural uses
(Aaltonen et al. 1949; Haavisto-Hyvärinen and Kutvonen 2007). The growth of forests
is unsatisfactory. Sandy tills, in the other hand, are suited for forest soils due to their
excellent moisture, air and nutrient content. The coarsest grained sandy tills are not
suited for agricultural uses because of their dry nature, and the finest grained sandy tills
can be used if they do not contain significant amounts of stones. Fine- grained tills are a
larger group, which includes silty till, very fine silty till and clayey till (Koljonen 1992).
Among these, silty till is the most suitable for forest growth due to its excellent air and
nutrient contents (Haavisto-Hyvärinen and Kutvonen 2007). Very fine silty tills show
the ill nature of silt, which is emphasized with the increasing content of the silt fraction
(Aaltonen et al. 1949). The plant nutrient content is higher than in coarser grained till
soils, but the air and moisture conditions are poor, and the permeability in till soils
containing 3-5 % of clay is notably bad. Clayey tills are unusual in Finland and this soil
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type is mostly met in northern Savo. Its features resemble to those of silty till and very
fine silty till.
3.6.2

Soil layers and horizons

In this chapter, the definitions for soil master horizons, sub- layers and diagnostic
horizons met in Finnish soils are given. Altogether, soils are divided into different
master horizons or layers (FAO 2006; Tamminen and Mälkönen 1999). 10 master
horizons or layers are recognized and these are denoted with capital letters. In Finnish
soils, all the major horizons but one are present, namely H, O, A, E, B, C, R, L and W.
The one not included is I (ice formations).
x

H : soil horizons/layers consisting of decomposed and partly decomposed organic
material accumulated in the soil surface. H- horizons/layers are fully under the water
surface, or once were before artificial draining. Different H- horizons (H1, H2 and
H3) can be separated based on the decomposition degree of the material (H1 a little
decomposition or no decomposition – H3 high decomposion degree)

x

O: organic horizons/layers situate on the ground surface and are not saturated with
water for prolonged times. O- horizons/layers consist of undecomposed and partly
decomposed organic material. The mineral content is small, only a few percentages

x

A : mineral soil horizons formed under the organic layer. These horizons can
contain considerable amounts of organic material mixed with the mineral part, or
they differ significantly from mineral soil layers situated below. A- horizon is the
topmost mineral soil horizon in soil

x

E : leached eluvial horizon. Characteristic is the depletion of silicate clay, iron and
aluminium by intensive weathering and the enrichment of quartz. Colour of this
horizon is lighter (greyish) compared with the upper and lower horizons. The
original rock structure has disappeared wholly or partly

x

B : illuvial or enrichment horizon situated beneath A, E, O or H horizon.
Characteristic is the vanishing of the original rock structure partly/wholly and the
enrichment of silicate clay, iron, aluminium and/or humus. Typical for B- horizon is
reddish colour induced by the elevated concentrations of iron and aluminum
sesquioxides and dark, black colour when humic substances are enriched

x

C : unchanged (bottom) soil. Soil forming processes take place in the upper
layers/horizons, but do not affect this horizon/layer

x

R : bedrock under the soil.

x

L : limnic sediment layers deposited in water (subaqueous) and consisting of organic
and inorganic material. L can also stand for layers consisting of fresh litter on the
soil surface. Litter layer is situated above the O (organic) horizons/layers

x

W : groundwater
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In the master horizons sub- layers can be separated (Mälkönen 2003). These are denoted
with small letters. Sub- layers include f, h, s, hs, g, w, p and m, which all are
encountered in Finnish soils. The description of the sub- layers is given in Table 5.
Table 5. The descriptions of the soil sub- layers (FAO 2006; Mälkönen 2003;
Tamminen and Mälkönen 1999).
Sub- layer

Description

f

undecomposed moulding soil layer of organic horizon (Of)

h

decomposed humic matter soil layer of organic horizon (Oh) or
mineral soil horizon enriched with organic matter (e. g. Ah)

s

mineral soil horizon enriched with aluminium and iron
sesquioxides

hs

mineral soil horizon enriched with organic matter and sesquioxides

g

blue- greyish gley- horizon, which is created by the anoxic
conditions caused by the groundwater or compactness of the soil

w

mineral soil layer which have been changed from its colour and/or
structure. Particle size ranges from clay (<0.002 mm) to coarse silt
(0.063 mm). Changes are caused only slightly by enrichment

p

soil layer which has been cultivated

m

hardened soil horizon, so called Ornstein

Diagnostic horizons are horizons, which are used as a criterion for the classification of
soils (Tamminen and Mälkönen 1999). It can be a whole horizon, a part of a horizon or
be combined of two or more horizons. Diagnostic horizons have to fulfil certain
physical and chemical characteristics. Physical characteristics include for example
thickness of the layer, grain size distribution or texture. Chemical characteristics
include, for example pH and base saturation.
Diagnostic horizons include (Tamminen and Mälkönen 1999):
x

Albic E- horizon has lost silicate clay and iron oxides in such a way, that the colour
of the horizon comes from the original colour of the soil particles.

x

Cambic B- horizon contains clay in the <2 mm fraction over 8 % and the average
grain size is usually from clay (<0.002 mm) to coarse silt (0.02-0.063 mm). The
thickness of the layer is at least 15 cm and the lower margin is at least in the depth
of 25 cm. Clay content is higher than in the C- horizon.
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x

Histic H is a peat layer, which is 20 to 40 cm thick.

x

Ochric A is a mineral soil layer containing organic matter (Ah).

3.6.3

Soils

In Finland, soils are relatively young and dating back from the last glaciation (Yli- Halla
et al. 2000). The average age of the soils is 10 000 years, but in spite of this several
signs of soil forming processes can be seen. In Olkiluoto, soils are even younger, about
3000 years old, and poorly developed due to the young age (Tamminen et al. 2007). The
usual soil profiles encountered in Finland include Arenosols, Cambisols, Fluvisols,
Gleysols, Histosols, Leptosols, Regosols and Podzols (Yli-Halla et al. 2000), from
which Arenosols, Gleysols, Leptosols and Regosols have been found on Olkiluoto
Island (Tamminen et al. 2007). Podzols are discussed in Section 3.6.4. Below, a short
description of the soil types encountered in Finland and Olkiluoto are given according
to the Finnish soil classification system.
Arenosols are poorly evolved and immature soil profiles developed in coarse grained
soils, for which the grain size ranges from sand (0.2-0.63 mm) to gravel (2-60 mm)
(Tamminen and Mälkönen 1999). Arenosols do not usually have any other diagnostic
soil horizons except Ochric A or Albic E. Roughly 20.15 % of the forest soils in Finland
are classified as Arenosols (Lilja et al. 2006).
Cambisols (brown earth soil) are evolved in fine grained soils, for which the grain size
ranges from clay (<0.002 mm) to coarse silt (0.02-0.063 mm) (Tamminen and
Mälkönen 1999). Cambisols contain Ochric A- horizon and under it Cambic B- horizon.
Approx. 5.80 % of Finnish forest soils are classified as Cambisols (Lilja et al. 2006).
Gleysols are soils which have gleyic- properties, i.e. a soil layer or horizon in which the
effect of standing groundwater (anoxic conditions for most of the year) can be seen
(Tamminen and Mälkönen 1999). Gley- horizon can be separated from others due to its
blue- greyish colour. Gley- horizon is situated in the depths of 0-50 cm. Gleysol is a rare
soil found in Finland, as about 4.10 % of the Finnish forest soils are classified as
Gleysols (Lilja et al. 2006).
Histosols are peat or bog soils, for which the thickness of the peat layer is atleast 40 cm
(Brady and Weil 2002; Tamminen and Mälkönen 1999). When Spaghnum peat is in
question, the thickness must exceed 60 cm. The content of organic matter must exceed
20 % (Brady and Weil 2002). In Finland, about 20.15 % of the forest soils are classified
as Histosols (Lilja et al. 2006).
Leptosols are shallow soils, in which either the thickness of the mineral soil is less than
30 cm, or the fraction of fine particles is less than 20 % (very coarse grained soils)
(Tamminen and Mälkönen 1999). Around 13.00% of Fiinish forest soils are classified as
Leptosols (Lilja et al. 2006).
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Regosols are poorly developed and immature soils found in fine grained soils, the grain
size ranging from clay (<0.002 mm) to coarse silt (0.02-0.063 mm) (Tamminen and
Mälkönen 1999). Only O(fh)/H- horizon and/or A- horizon can be found. Regosols are
rarely developed to forest soils, covering only 1.92 % of the forest soils in Finland (Lilja
et al. 2006).
In international soil classification systems, from 12 to 30 soil types are recognized
depending on the classification system used (Yli-Halla et al. 2004). The categorization
of the soils differs from that used in Finland, and soils classified by the Finnish sytem
do not necessarily have the same name in a different taxonomy system due to the
different criteria set for the specific soil type. Alfisols, Andisols, Aridisols, Entisols,
Gelisols, Histosols, Inceptisols, Mollisols, Oxisols, Spodosols, Ultisols and Vertisols are
the 12 soil types met internationally according to Soil Taxonomy (Brady and Weil
2002), from which Entisols, Gelisols, Histosols, Inceptisols, Mollisols and Spodosols
are met in Finland (Yli-Halla et al. 2000). Short descriptions of the above- mentioned
soil types are given in Table 6. Also, the corresponding names in FAO or Unesco
classification are included as is their occurrence in Finland.
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Table 6. Description of the international soil types according to the Soil Taxonomy
classification (Brady and Weil 2002), their occurrence in Finland and their names in
FAO or Unesco classification (Yli-Halla et al. 2000).

Soil type
(Soil
Taxonomy)

Description

Encountered in
Finland (name
in
FAO/Unesco
classification)

-moderately leached soils, which usually evolve under deciduous forests
Alfisol

-met from cool to warm humid conditions, for example in the USA, Europe
(Mediterranean),China

no (Luvisol,
Nitosol)

- counts for 9.65 % of the world’s ice-free surface area
-quite young soils (5 000- 10 000 years) derived from deposited volcanic
ash
Andisol

-met in areas with the significant depths of volcanic ash, ejecta and cinder,
for example in the Pacific rim and Japan

no (Andosol)

-covers approx. 0.70 % of the ice- free surface area of the globe
-dry soils, characteristic is the deficiency of water
Aridisol

-found for example in Sahara, Gobi, southern and central Australia

no (Yermosol,
Xerosol)

-approx. 12.10 % of the surface area is covered by Alfisols
-weakly evolved mineral soil with no natural genetic soil horizon or one in
the initial stage, i. e. “new soils”
Entisol

-encountered in a wide variety of climatic conditions, for example in the
USA, Africa, Australia, Asia

yes
(Arenosol,Fluvisol,
Gleysol, Regosol)

-on global scale approx. 16.29 % of the ice-free surface- area
-young soils with a little soil horizon formation. Characteristic is
permafrost in the depth of 100- 200 cm, and frost churning.
Gelisol

-met in the areas with cold temperatures most time of the year, for example
in Alaska, Canada and northern Russia
-counts for 8.61 % of the world’s ice-free surface area

yes
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Table 6. continued.
Soil type
(Soil
Taxonomy)

Histosol

Description

-peat lands, soils where a touch of soil forming processes have operated
due to the anaerobic conditions. The main process affecting the soil
formation is the accumulation of partly decomposed organic matter without
the presence of permafrost

Encountered in
Finland (name
in
FAO/Unesco
classification)

yes (Histosol)

-met in the northern hemisphere
-covers approx. 1.18 % of the ice- free surface area of the globe
-the beginning or inception of a soil profile can be seen and some
diagnostic soil characteristics are present. B (illuvial) horizon is missing
Inceptisol

-met in different climatic conditions, but especially in mountainous areas in
southern America, Europe and Asia

yes (Cambisol,
Gleysol)

- approx. 9.91% of the surface area is covered by Inceptisols
-the accumulation of Ca- rich organic matter as 60 to 80 cm thick Ca and
Mg rich organic horizon on the top of the soil
Mollisol

-very fertile dark, soft soils and grasslands. Soil type encountered e. g. in
Russia, Ukraine and Kazakhstan

yes (Chernozem,
Kastanozem,
Phaeozem, Mollic
Gleysol, Rendzina)

-counts for 6.94 % of the world’s ice-free surface area

Oxisol

-the most leached soil type, met in hot and all-year moist climatic
conditions. Characteristic is the formation of subsurface deep oxic horizon

no (Ferralsol)

-met in tropic, for example in southern America and Africa
-covers approx. 7.56 % of the ice-free surface-area in the globe
-are evolved in acidic, coarse- grained and easily leached soils in origin.
The main soil forming process is the acid leaching, which can act in the
depths of 20 cm to several meters.
Spodosol

-acidic, sandy forest soil, low in base cations

yes (Podzol)

-met in wide variety of climatic conditions, typically in northern Europe,
Russia , eastern Canada
-covers approx. 2.58 % of the ice- free surface area of the globe
-characteristic is the weathering and translocation of the clay minerals, and
the leaching of the base cations into soil
Ultisol

-evolve mainly in warm, moist tropical conditions on ”old surfaces”, for
example in the USA

no (Acrisol, Dystric
Nitosol)

-approx. 8.52 % of the ice-free surface area of the globe is covered by
Ultisols

Vertisol

-comprises over 30 % of shrinking/swelling clay minerals in the depth of 1
m or more. The main soil forming process is the shrinking and swelling of
clays according to the dry-wet periods. Dark, swelling and cracking clay
soils
-found for example in India, Sudan, Australia, Ethiopia
-counts for 4.44% of the world’s ice-free surface area

no (Vertisol)
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In the forthcoming chapters, different soil types are mentioned, which are not found in
Finland. A short explanation of these soils is given below.
Andosols are soils, for which the parent material is volcanic ash (FAO 2006). Andosols
are rich in organic matter and poorly developed.
Brunisols are soil types associated with forest soils (The Canadian System of Soil
Classification). Brunisols are poorly developed and immature soils. Characteristic is the
slight enrichment of silicate clay, aluminium and iron in B- horizon.
Calcareous soils are enriched with CaCO3 (FAO 2006). Calcareous soils are divided
into slightly calcareous, moderately calcareous, strongly calcareous and extremely
calcareous soils. The respective limits for the CaCO3 content are 0-2 %, 2-10 %, 10-25
% and >25 % for slightly, moderately, strongly and extremely strongly calcareous soils.
Chernozems (black earth soil) is a black-coloured grassland soil type containing 7-15 %
humus and rich in ammonia, phosphorus and phosphoric acid (Encyclopedia
Britannica). It is a very fertile soil type. Chernozems have Ah, B and C horizons.
Gray lowland soil, Japanese paddy soil and Japanese upland soil are typical soils found
in Japan (Kamei-Ishikawa et al. 2008, Yanagisawa et al. 2000). Gray lowland soil and
Japanese paddy soils are used for cultivation. Japanese upland soil is typical forest soil.
Parabrown earth or orthic Acrisols, are soil which are strongly leached and acidic
(Encyclopedia Britannica). Acrisols are naturally unproductive soil types found in tropic
regions. Orthic stands for hapludults.
In Figure 9 can be seen pictures representing (a) Arenosol, (b) Gleysol, (c) Leptosol and
(d) Cambisol soil profiles.
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Figure 9. Soil profile pictures representing (a) Arenosol, (b) Gleysol, (c) Leptosol and
(d) Cambisol (Encyclopedia Britannica).

3.6.4

Podzol and podzolization

In Finland the predominant soil-forming process, podzolisation is a slow process that
started on the surficial parts of mineral soil after Weichselian glaciation, about 10000–
9000 years ago in the supra-aquatic areas of northern and eastern Finland. Due to the
evolution of the Baltic Sea, at Olkiluoto, the podzol soil layers started to develop about
3000–2500 BP (Eronen and Lehtinen 1996). Starr (1991) observed that, at these
latitudes, mere podzol soil formation can take up to 500– 1500 years.
In podzol soils the presence of five different master horizons can be detected: organic
horizon (O), eluvial horizon (B), illuvial horizon (enrichment horizon) (B), transition
zone (BC) and the slightly unchanged soil horizon (C) (Tamminen and Mälkönen
1999). Podzols are typical for northern coniferous forests, because in cool climatic
zones the rainfall is sufficient to induce the leaching of soluble compounds, and to
induce the migration of these compounds downwards in a soil profile. The most
important factors affecting the structure of podzol soils are the susceptibility of minerals
to weathering, grain size, climate, and topography and runoff conditions. In the soil
solution, the presence of hydrogen ions activates cation exchange reactions between
clay minerals, organic matter and root nodules. Cation exchange on the surfaces of soil
particles is the most important buffering process in humus and eluvial horizon (Brady
1984; Andersson 1988). Podzols are usually developed in soils for which the grain size
ranges from coarse silt (0.02-0.063 mm) to gravel (2-60 mm) and have relatively good
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water permeability. Podzol is the main soil type in Finland (Mälkönen 2003), as
34.75 % of forest soils are classified as podzols (Lilja et al. 2006). Typical soil profile
of a podzol is presented in Figure 10.
In coniferous forest soils the litter contains phenolic compounds, which are poorly
decomposed by the soil microbiota (Mälkönen 2003). Humic and fulvic acids produced
in the decomposion of organic matter pass to the up most mineral soil layer among
water. Humic and fulvic acids are weak acids, which leach the soil layer and induce
chemical weathering. Base cations Na+, K+, Mg2+ and Ca2+, sorbed on ion exchange
sites on soil particles are exchanged to H+ in order to buffer the increased H+
concentration due to the penetration of humic and fulvic acid in the soil layer. As the
concentration of the base cations decreases, the ability of the soil to buffer increased H+
decreases, leading ultimately to the decrease of soil pH. Decrease in soil pH leads to the
increased solubility of Al and Fe compounds (Mälkönen 2003).

Figure 10. Podzol soil profile (Yli-Halla et al. 2000). O = organic horizon, E = eluvial
horizon, B = illuvial horizon and C = unchanged soil.
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Aluminum and iron form chelates with organic chelating agents, such as fulvic acids,
and diffuse downwards in soils among percolating soil water (Birkeland 1984). The
stability of the chelates increase with increasing the charge of the metal and decreasing
size of the chelate. As a result from the leaching of Al and Fe and organic substances,
the colour of the leached soil layer turns to greyish. The greyish colour comes from the
soil particles, as the aluminum, iron and organic coatings have vanished. Deeper in soil
the pH increases again inducing the precipitation of Al and Fe. The accumulation of Al
and Fe creates the illuvial or enrichment horizon in the soil profile. The accumulation of
organic matter may also take place as a result from the precipitation of Al and Fe. The
line between leached eluvial horizon and enriched illuvial horizon is clear, but the line
between illuvial horizon and unchanged soil may be obscured.
In Finland podzols are formed quite slowly. The changes taken place in soils can be
detected by means of chemical determinations after 200-300 years after soil forming
processes (podzolization) have begun (Jauhiainen 1973). After 1000-1500 years
changes can be detected visually. It has been proposed that the soil forming processes
are quite fast for the first 2500 years after land uplifting above sea level (Starr 1991).
After 2500 years soil forming processes slow down.
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4

IODINE

The only stable isotope of iodine is I-127. Iodine has 25 radioactive isotopes from
which 10 are fission products. Among the fission nuclides of iodine, I-129 is the only
both naturally and artificially produced long-lived isotope. Its contribution to the
intermediate and high level radioactive waste is significant because of its high yield on
the fission of U-235 and Pu-239 atoms, 0.6 % and 1.6 % respectively, long physical
half- live (1.57 x 107 y) and high potential mobility in soil (Ashworth et al. 2003; Hu et
al. 2005; Robens and Aumann 1988).
The biogeochemical cycle of iodine is very complex because iodine cans exist on
multiple oxidation states, on which it can form inorganic and organic species with
hydrophilic, hydrophobic or biophilic properties (Hu et al. 2005, Um et al. 2004).
Sorption of iodine on soil depends on the amount of organic matter, the concentration of
iron and aluminum oxides and hydroxides, soil mineral composition and especially the
clay mineral content, microbiological activity, redox conditions (the speciation of
iodine), pH, particle size distribution and the contact time between soil and iodine
(Ashworh and Shaw 2006a; Bunzl and Schimmack 1988; Fukui et al. 1996; Gil-Carcía
et al. 2009; Lieser and Steinkoff 1989; Muramatsu and Yoshida 1995; Sheppard and
Hawkins 1995; Sheppard et al. 1995; Whitehead 1973a; Whitehead 1981).
The sorption of iodine in soils is enhanced by increasing the content of organic matter
and Al and Fe sesquioxide concentrations, increasing contact time, microbiological
activity and aerobic redox conditions, and by decreasing grain size and pH (Bors et al.
1988; Bunzl and Schimmack 1988; Fukui et al. 1996; Gil-Carcía et al. 2009; Lieser and
Steinkoff 1989; Muramatsu and Yoshida 1996; Muramatsu and Yoshida 1999;
Sheppard et al. 1995; Sheppard and Hawkins 1995; Whitehead 1973a; Whitehead
1973b; Whitehead 1978; Yoshida et al. 1998).
Factors that decrease the sorption of iodine in soils include anoxic redox conditions,
increasing salinity and the concentration of competing anions, increasing pH and clay
mineral content (Bors et al. 1988; Bunzl and Schimmack 1988; Fukui et al. 1996; Lieser
and Steinkoff 1989; Muramatsu and Yoshida 1999; Sheppard et al. 1995; Yoshida et al.
1998).
4.1 The influence of soil redox potential and pH
4.1.1

Speciation of iodine

The most important factor that dominates the speciation and the behavior of iodine in
soil is the redox potential (Hu et al. 2005; Koch-Steindl and Pröhl 2001). Redox
potential affects indirectly to the soil pH through different oxidation-reduction
reactions, which can occur depending on the oxygen supply in the soil. In the prevailing
Eh- pH conditions usually encountered in soils, iodine can exist as iodide I- (-I), iodate
IO3- (+V), elemental iodine I2 (0) and methyl iodine CH3I (+I) (Muramatsu et al. 1990b,
Muramatsu and Yoshida 1999; Yuita 1991). In anoxic, waterlogged conditions iodine is
assumed to exist as I- and in oxic conditions as IO3- (Ashworth et al. 2003; Ashworth
and Shaw 2006b; Um et al. 2004; Yuita 1991; Yuita 1992). The Eh- pH diagram of
iodine is presented in Figure 11.
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Figure 11. The Eh-pH diagram of iodine (Takeno 2005). I = 10-10, 298.15 K and 105
Pa.
4.1.2

Sorption of iodide and iodate

The sorption properties of I- and IO3- differ from each other (Ashworth et al. 2003;
Ashworth and Shaw 2006b; Sheppard and Hawkins 1995). Usually IO3- is sorbed much
more efficiently than I- on soil mineral constituents and organic matter (Ashworth and
Shaw 2006a; Ashworth and Shaw 2006b; Fukui et al. 1996; Gil-Carcía et al. 2009),
meaning that the mobility, migration and bioavailability of IO3- are reduced in
comparison with I- (Ashworth and Shaw 2006a; Ashworth and Shaw 2006b, Colle et al.
2005; Fukui et al. 1996; Muramatsu et al. 1996; Sheppard and Hawkins 1995). The
reason behind the different sorption behavior of I- and IO3- is still obscure, but it has
been proposed that it is due to the harder base nature of IO3-compared with that of I- (Hu
et al. 2005): IO3-favors the hard-hard interactions with the hard acid sites on the mineral
surfaces.
Another factor in conjunction with the redox potential governing the sorption of iodine
in soils is the moisture content (Ashworth and Shaw 2006a). When considering I- and
IO3-, the soil conditions are oxic when moisture content is 25 % or below, but as the
moisture content reaches 40 %, anoxic conditions prevail (Ashworth et al. 2003,
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Ashworh and Shaw 2006a). This is because the soil microbes consume the oxygen from
soil and the oxygen diffusion through water saturated pores is diminished (Ashworth et
al. 2003). Respectively, the Kds of iodine in the soil of lower moisture content are
higher than in the soil of higher moisture content (Ashworth et al. 2003; Ashworth and
Shaw 2006a).
pH affects the sorption and migration of I- and IO3- in soil greatly: as the pH of the
solution increases, the sorption of iodine species decreases both in the mineral and
organic soils (Fukui et al. 1996; Kaplan 2003; Muramatsu et al. 1990b; Nishimaki et al.
1994; Sheppard and Hawkins 1995; Sheppard et al 1995; Sheppard 2003; Yoshida et al
1992; Um et al. 2004). Sorption of I- usually decreases abruptly when pH approaches
the pHpzc of the soil or mineral in question, and reaches a steady state in pH above pHpzc
(Kaplan 2003). The sorption of IO3- exceeds the sorption of I- in the same pH
(Nishimaki et al. 1994). In Figure 12 can be seen the Kd- values for I- and IO3- on a fine
sand soil sample as a function of the initial pH of the solution (Fukui et al. 1996). The
influence of pH can be explained as a more positive surface charge of the soil particles
with decreasing pH, and thus as the more effective physical sorption of iodine and Ifrom the solution (Fukui et al. 1996).

Figure 12. Kd- values for I- and IO3- as a function of the initial pH of the solution
(Fukui et al. 1996).
The pH of the soil affects also the conversion of dominating iodine species to another
species (Fukui et al. 1996). Fukui et al. (1996) studied this phenomenon as a function of
initial pH. They found that after 7 days of equilibrium time, from 100 % of initial iodine
added as I-, 60 % was converted to molecular iodine (I2) and 3 % to iodate (IO3-) in pH
3.2. 38 % remained in the initial form. When initial pH increased to 5.7 and 10.6, the
fraction of I- increased considerably to approximately 90 %. The conversion percentage
of I- to molecular iodine decreased to 7 %. The conversion percentage of I- to IO3-
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remained in the 3-5 %. This indicates that in the acidic pH values the conversion of I- to
molecular iodine can be considerable. In the Fukui et al. (1996) study molecular iodine
was not vaporized, but remained in the liquid phase.
When iodine was added in the IO3- form, the conversion of IO3- to I- increased with
decreasing pH (Fukui et al 1996). As the initial pH decreased from 10.6 to 5.7 and 3.2,
the fraction of I- increased from 2 % to 20 and 30 %, respectively. The conversion
percentage of IO3- to molecular iodine was 5-7 % in all the studied pH values. The
remaining percentage of IO3- decreased from 95 % to 75 % and 65 %, when the initial
pH decreased from 10.6 to 5.7 and 3.2, respectively.

Figure 13. Conversion ratios for two initial iodine forms (I- and IO3-) after 7 days of
equilibrium as a function of pH (Fukui et al. 1996).
In Figure 13 are seen the conversion percentages from I- to molecular iodine and IO3- as
a function of initial pH. In the same figure, the conversion percentages from IO3- to
molecular iodine and I- are presented.
The iodine content of soils is very much affected by the groundwater level and redox
reactions taking place (Yuita and Kihou 2005). In the vicinity of the ground surface,
iodine is not detected in interstial soil water, because it is sorbed effectively by organic
matter, clays, iron or aluminum oxides (Nishimaki et al. 1994). The iodine
concentration (IO3- or I-) in soils decreases drastically at depths below the groundwater
surface (Yuita and Kihou 2005). Consequently, the concentration of iodine in the soil
solution increases with depth and time (Yoshida et al. 2007). The influence of depth is
explained by redox potential and changes in the speciation of iodine. As the soil depth
increases, the soil conditions change from oxic to anoxic. With changing redox
conditions the speciation of iodine changes from IO3- (oxic) to I- (anoxic). IO3- and Ihave differences in their sorption behavior: IO3-is readily sorbed by soils mineral
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constituents and I- remains in the solution. The poor sorption properties of I- on soils
mineral constituents affect also its concentration in soils: in anoxic conditions I- is easily
leached by soil water to deeper soil layers (Yuita and Kihou 2005). The influence of
time was explained as the time needed to anoxic conditions to be developed.
4.2

The influence of micro-organisms

Iodine is retained almost entirely in the soil horizon which has the highest degree of
microbial activity and organic material (Bostock et al. 2003). Micro-organisms instigate
the incorporation of I- to the organic matter (Bunzl and Schimmack 1988; Evans and
Hammad 1995; Gil-Carcía et al. 2009; Koch-Steindl and Pröhl 2001) and extracellular
enzymes of the micro-organisms are involved in the reaction (Bunzl and Schimmack
1988; Muramatsu et al. 1990b; Sheppard and Hawkins 1995; Yoshida et al. 1998). The
metabolic products of micro-organisms may be more important than the living microbes
itself and the contribution of microbes is through the decomposition of organic matter
(Sheppard and Hawkins 1995). Depending on the soil type, the effect of microorganisms can be negligible (Tao et al. 1996) or they may play a significant role in
iodine retention (Muramatsu et al. 2004). Tao et al. (1996) found that after sterilization
a sample of calcareous soil with 15.1 kGy of - irradiation, the Kd was 0.01 ml/g. The
Kd for nonsterilized soil sample was also 0.01 ml/g. Muramatsu et al. (2004) examined
the effect of autoclaving on the sorption of I- on Andosol. They found that the sorption
capacity of the soil decreased by 80 % upon autoclaving. Muramatsu et al. (2004)
explained this as the killing of micro- organisms and destruction of their products
(enzymes). Soil micro-organisms can also cause the desorption of iodine from soil by
inducing a decrease in the redox potential through the consumption of oxygen, which, in
turn, leads to the reduction of IO3- to I- (Muramatsu and Yoshida 1999, Muramatsu et al.
2004).
Anaerobic soil micro-organisms are more sensitive towards high iodine concentrations
than aerobic micro-organisms (Sheppard and Hawkins 1995). This was shown in the
Sheppard and Hawkins (1995) study, where aerobic and anaerobic bacteria were
cultured in solution containing different amounts of inactive I- as KI. In spite of the Iconcentration used, the count of anaerobic bacteria was always smaller than the count of
aerobic bacteria. In the same study the toxicity concentrations of I- for aerobic and
anaerobic bacteria were examined. At the concentrations of 1600 mg/l of stable I-, some
toxicity to aerobic microbes was found. For anaerobes, the concentration limit was
between 110 and 980 mg/l. Especially anaerobic sulphate- reducing bacteria (SRB)
were shown to be non-resistant towards elevated iodine concentrations, the toxicity limit
being 75 mg/l.
The effect of micro-organisms and their by-products have been verified by several
authors (Assemi and Erten 1994; Bird and Schwartz 1996; Devivier et al. 2004; Evans
and Hammad 1995; Gil-Carcía et al. 2009; Muramatsu and Yoshida 1999; Muramatsu
et al. 2004; Yoshida et al. 1998): after sterilization of soil samples, Kds tends to drop
one to two orders of magnitude depending on the method of sterilization. For example,
in a study by Evans and Hammad (1995) the Kd of IO3- was 290 ml/g for nonsterilized
and 14 ml/g for sterilized soil sample after 240 h of contact time. For I- the Kd for
nonsterilized soil was 505 ml/g and for the sterilized soil 150 ml/g. Evans and Hammad
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(1995) concluded that the role of micro-organisms was both, in the sorption of iodine
species and in the reduction of IO3- to I-. In the nonstrelized sample 50-60 % of iodine
was found in the I- form, whereas in the strelized sample over 90 % of iodine was in the
IO3- form. The sterilization was done by - irradiation: samples were irradiated with
60
Co source for 2.5 h and dose of 10 kGy/h.
On the contrary to the result in Evans and Hammad (1995), very different results have
been found in experiments conducted with typical Japanese soils, such as Andosol and
Japanese paddy soil. In these experiments, the effect of sterilization had more impact on
the sorption of I- than IO3- (Muramatsu and Yoshida 1999; Muramatsu et al. 2004;
Yoshida et al. 1998). The sorption of I- decreased nearly 80 % of the initial upon
sterilization, when the respective decrease for IO3- was only 25-35 %. Muramatsu and
Yoshida (1999, 2004) associated this phenomenon to the decomposition of enzymes and
killing of micro-organisms during sterilization, the main impact being on the enzymes.
Muramatsu et al. (1990b) studied the sorption of I- and IO3- on field soil (Andosol), rice
paddy soil and sandy soil. They found that the sorption on untreated wet soil samples
was greater for I- than for IO3-. On air- dried samples, the sorption of I- and IO3- were
practically the same. Heating of the soil samples from 100 °C to 300 °C decreased the
sorption of both species. The decrease was slightly greater for I- than for IO3-.
Interestingly, irradiation decreased the sorption of both species, but very controversial
results were found: in the field soil the sorption of I- was considerably greater, on the
paddy soil the sorption of IO3- was slightly greater and on sandy soil the sorption of Iand IO3- were practically equal. The irradiation was done with -rays and dose of 27
kGy. In Table 7 can be found Kd- values for I- and IO3- on untreated and treated field
soil, paddy soil and sandy soil samples presented in the Muramatsu et al. (1990b).
It can be concluded that the results concerning the role of micro-organisms and their byproducts in the sorption of I- and IO3- are quite controversial. No clear evidence on the
preference of one iodine species over other has been elucidated. The results differ from
each other depending on the researcher and soil type used.
Table 7. Kd- values for I- and IO3- on untreated and treated field soil, paddy soil and
sandy soil samples from Japan (Muramatsu et al. 1990b).
Soil type

Field soil
(Andosol)1

Paddy soil2

Treatment
untreated, wet
air-dried
dried, 100 °C
dried, 150 °C
dried, 200 °C
dried, 300 °C
irradiated
untreated, wet
air-dried
dried, 100 °C
dried, 150 °C
dried, 200 °C

Kd (ml/g)
-

I
7500
550
220
7.0
3.6
8.6
2000
560
130
50
15
2

IO37000
470
250
10
8.3
19
350
430
100
40
10
3
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Table 7. continued.
Kd (ml/g)
Idried, 300 °C
2
Paddy soil2
irradiated
73
untreated, wet
35
air-dried
28
dried, 100 °C
21
dried, 150 °C
3.4
Sandy soil3
dried, 200 °C
2.3
dried, 300 °C
1.8
irradiated
17
1
soil pH 5.4, moisture content 43 %, 4.4 % of organic carbon (d.w.)
meq/kg (d.w.)
Soil type

Treatment

IO38
100
32
28
18
4.3
3.0
4.4
16
and CEC 200

2 soil pH 5.7, moisture content 32 %, 2.4 % of organic carbon (d.w.) and CEC 100
meq/kg (d.w.)
3 soil pH 6.8, moisture content 6.8 %, 1.4 % of organic carbon (d.w.) and CEC 39
meq/kg (d.w.)

4.3 Sorption on organic matter and organic soils
The most important component for the sorption of iodine in soils is the organic matter
(Whitehead 1973b; Whitehead 1978) because of the capability of sorbing the anions
from the acidic solutions and multiplicity of complex-forming functional groups
(Assemi and Erten 1994; Ashworth and Shaw 2006b; Bostock et al. 2003; Evans and
Hammad 1995; Fukui et al. 1996; Gil-Garcia et al. 2009; Yoshida et al. 1998;
Whitehead 1973b; Whitehead 1974b). The sorption on organics takes place in a large
pH range of 2 to 9 and is emphasized in pH > 6 (Evans and Hammad 1995; Whitehead
1974b): when pH < 6, sorption of iodine takes place on organic matter and on aluminum
and iron sesquioxides (Whitehead 1974b). Sorption on aluminum and iron sesquioxides
is insignificant in pH over 6 and organic matter becomes the main sorbent. The sorption
capacity of organic matter towards iodine increases with the increasing decomposition
degree (Whitehead 1974a; Whitehead 1974b). Whitehead (1974b) proposed that iodine
is sorbed on the amino acid (H2NRCOOH) and phenolic (R-(aromatic ring) -OH)
functional groups of organic matter as molecular iodine (I2). Amino acids and phenol
are weak acids with the pKa- constant values of approx. 9-10.
The sorption mechanism on organic matter is partly ascribed as a simple anion
exchange process, because the solution concentration of other anions, namely SO42-,
NO3-, Cl- and F- increase as I- is sorbed (Sheppard et al. 1995). Also the competition
from Cl- supports this mechanism of sorption: as the concentration of chloride increases,
the decrease in the sorption of iodine is quite marked. Part of the sorbed I- is sorbed
irreversibly (Fukui et al. 1996; Hu et al. 2005). The reduction of IO3- to I- may take
place in the presence of organic matter, and thereby lower the sorption and increase the
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migration (Fukui et al. 1996; Muramatsu et al. 1990a; Muramatsu et al. 1990b;
Whitehead 1974a). Although reduction decreases the sorbed fraction, the greater
fraction of the residue is sorbed irreversibly (Fukui et al. 1996).
Humic acids sorb very significant amounts of I- and IO3-, even though IO3- is sorbed in
higher amounts than I- (Muramatsu et al. 1990b). Also, IO3- reaches the sorption
equilibrium faster than I-. Iodine species do not interact with dissolved humic acids, and
the sorption takes place only with insoluble humic substances (Bunzl and Schimmack
1988; Fukui et al. 1996; Sheppard and Hawkins 1995). Iodine can be associated with
dissolved fulvic acids (Sheppard et al. 1995). Sorption to humin can take place, but the
process is very slow.
In soil, the fallout iodine is retained in the uppermost layers, where the organic matter
content is significant (Colle et al. 2005; Whitehead 1974b; Whitehead 1978). The
vertical migration of iodine is minimal. The sorption of iodine on peat is slower and
smaller under anoxic conditions compared with oxic conditions (Sheppard and Hawkins
1995). The autoclaving treatment of peat in 200 ºC leads to the decreased sorption of
iodine (Sheppard and Hawkins 1995). Organic peat soil can sorb 98 % of initial iodine
(1 mg/l) from solution in 198 days and the rest 2 % is associated with dissolved organic
matter (Sheppard et al. 1995). The distribution coefficient for I- after 90 days of
equilibrium on organic peat soil had the value of 1.37x106 ml/g (Sheppard et al. 1995).
Sorption of iodine on organic sediment is slightly greater in oxic conditions compared
with anoxic conditions, the Kds being 456 ml/g and 30 ml/g respectively (Bird and
Schwartz 1996).
When I- is sorbed on calcareous soil, the sorption is slow and reversible (Tao et al.
1996). Organic matter content in calcareous soil is 1.7 %, but it accounts for 71 % of the
sorption capacity for iodine.
4.4 Sorption on mineral soils
IO3- is sorbed mainly by the inorganic components of the soil, whereas the main sorbent
for I- is organic matter (Dai et al. 2004, Evans and Hammad 1995, Hu et al. 2005,
Kaplan et al. 2000, Lieser and Steinkopff 1989, Muramatsu et al. 1990b, Whitehead
1973b, Whitehead 1974a, Whitehead 1979, Yuita and Kihou 2005). Aluminum and iron
oxides are affected by the pH of the soil: in pH<5, the most important sorbents are iron
oxides, 5<pH<7 aluminum oxides dominate (Um et al. 2004; Whitehead 1973b;
Whitehead 1974a; Whitehead 1979). At pH > 7 organic matters controls the sorption of
I- (Whitehead 1973b; Whitehead 1974a; Whitehead 1979). In highly acidic soils
(pH<4.8) iron sesquioxides are more efficient in sorbing iodine than the aluminum
sesquioxides (Whitehead 1978). The sorption of I- on soil, root compost (organic
matter), iron and aluminum sesquioxides is presented in Figure 14. An explanation for
the strange pH dependent sorption behavior of organic matter (root compost) and soil
presented in Figure 14 were not given.
The sorption of iodine on soil mineral constituents is the greatest at pH ~3 because of
physical adsorption on the surfaces of mineral oxides, electrostatic interaction with the
charged sorption sites and more positive surface charge of particles (Ashworth et al.

49

2003; Evans and Hammad 1995; Fukui et al. 1996). This explains why the sorption of Idecreases when pH of the solution increases (Fukui et al. 1996). The sorption
mechanism for I- on soil mineral constituents is usually reversible physical adsorption
(Lieser and Steinkopff 1989). The sorption of IO3- is proposed to take place as specific
bonding onto Al or Fe sesquioxides or non-crystalline silicates like allophones (Yoshida
et al. 1998). Specific bonding occurs as the replacement of hydroxyl groups at exposed
edge sites or H2O ligands by IO3-, and creation of a covalent bond between IO3- and the
surface of the adsorbent.

-

Figure 14. The effect of pH on the sorption of I on soil (), root compost (), ferric
oxide () and aluminum oxide () (Whitehead 1974b). The initial concentration of
inactive I- was 3.15x10-6 M.
Iodine concentration is usually the highest in the surface soils, where the organic matter
content is the greatest, and decreases with depth (Whitehead 1973b; Whitehead 1978).
Soils rich in iron oxides tend to sorb IO3- in significant amounts and moderate amounts
of I- (Dai et al. 2004). The sorption of IO3- is almost entirely irreversible, as only 10-20
% is desorbed (Dai et al. 2004; Hu et al. 2005). The sorption of I- and IO3- increases as
the particle size decreases (Fukui et al. 1996; Yuita and Kihou 2005) and as the clay
mineral content increases (Gil-Carcía et al. 2009; Whitehead 1973a). Also the isotopic
exchange between stable and radioactive iodine has a role in the sorption of iodine on
mineral soils (Bors et al. 1991; Muramatsu et al. 1990b; Sheppard et al. 1995). For
example Bors et al. (1991) studied the exchange reaction between inactive and
radioactive I- on soil as a function of the initial loading of stable I-. Sorption sites on the
surface of the soil were saturated with stable I- with solution containing 1x10-8 mol/l to
1x10-4 mol/l I- as KI. After loading radioactive 125I tracer was added and the exchange
ratio, Kd,ex (= CI stable, solid/CI stable, liquid) was determined. In spite off the initial I-
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concentration used, Kd,ex, remained practically the same, 0.2-0.3 ml/g. It seemed that not
much exchange between stable I- in the solid phase and radioactive I- in the liquid phase
took place.
4.4.1

Podzols

The sorption capacity of podzol for iodine was approximately 5 x 10-3 mmol/g of soil
and Kds reach the values of 73 ml/g (Bors et al. 1991, Kashparov et al. 2005). In a study
made by Bors et al. (1988), I- was found to be sorbed effectively in the soil layers with
the highest content of organic matter. As the organic matter content dimished, the
sorption of I- decreased, but high sorption was found in the enrichment layer. In the
mineral soil layers of a podzol, I- is concentrated in the B horizon (enrichment layer)
and correlates with the iron content of the soil (Bors et al. 1988, Whitehead 1978,
Whitehead 1979). Iodine is depleted in the soil layers above and below the enrichment
layer (Whitehead 1978; Whitehead 1979).
In Figure 15 is presented the Kd- values of I- in different soil layers of podzol. It can be
seen that the sorption of I- increases with increasing organic carbon content (numerical
values besides columns). In Figure 15 is also seen that among the mineral soil layers,
iodine enriches in the B- horizon.

Figure 15. The Kd- values for I- on O, Ah, Ae, B and C soil layers from a podzol soil
(Bors et al. 1991). Numbers beside the colums indicate the organic carbon content.
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In Kashparov et al. (2005) the migration of I- to deeper soil layers in podzol was slow,
in 269 days 3 % of the initial I- (0.5 kBq/kg soil) had migrated to depths more than 20
cm. Bors et al. (1991) studied the effect of micro-organisms on the sorption of iodine on
podzol. They found that sorption is reduced when the soil was sterilized by irradiation
or CHCl3- fumigation and the corresponding Kd values for untreated oxic, untreated
anoxic, irradiated and fumigated soils were 73, 36.3, 4.3 and 11.1 ml/g. Their results
indicated that micro-organisms or enzymes have an effect on the retention of iodine.
4.4.2

Sandy soils

Sandy soil sorbs only 80-86 % of the initial I- (1 mg/L) and the rest exists as inorganic Iin the soil solution (Sheppard et al. 1995; Yoshida et al. 1992). The sorption of IO3- is
considerably higher than that of I- on sandy soil (Nishimaki et al. 1994; Yoshida et al.
1992). In the Yoshida et al. (1992) study, for example, the sorption percentage was
nearly 100 % for IO3- in solution pH < 6. The sorption of I- decreased from 50 % to
30 % as the solution pH increased from 4 to 6.
Iodine causes an increase in the concentration of sulphate, chloride, fluorine and nitrate
in the soil water, but the increase in sulphate concentration is the most noticeable,
indicating that the sorption of I- is in some extent a simple anion exchange process
(Sheppard et al. 1995) or electrostatic adsorption (Yoshida et al. 1992). Competing
anions, such as Cl-, OH-, CO32-, SO42-, do not have any effect on the sorption of I- on
fine sand soil, but the presence of OH- and CO32- in elevated pH- conditions inhibit the
sorption of IO3- on soil (Fukui et al. 1996; Sheppard et al. 1995). Sandy soil sorbs more
I- in acidic pH range than in neutral or basic pH (Nishimaki et al. 1994).
Geometric means of Kd values collected from the literature by Gil-Carcía et al. (2009)
for sand, loam, clay and organic soil groups for I- and IO3-are presented in Table 8. The
results given in Gil-Carcía et al. (2009) differ from the results of other authors. In GilCarcía et al. (2009) the Kds of I- are greater than those of IO3-, when opposite results
have also been found.

Table 8. Distribution coefficients, Kds, (ml/g) forI- and IO3- on sand, loam, clay and
organic soil groups (Gil-Carcía et al. 2009).
SOIL GROUP
Sand
Loam
Clay
Organic

Kd I4
7
7
36

Kd IO34
9
13
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Figure 16. Kd- values for I- and IO3 on soil as a function of contact time at three
ambient temperatures (Fukui et al. 1996).
The temperature had only a slight effect on the sorption of iodine on soil (Fukui et al.
1996). The sorption of IO3- decreased a little as the temperature decreases from 55 °C to
15 °C, as is indicated in Figure 16. The reason behind this kind of behavior was not
elucidated.
Among the literature, great variation is found concerning the results on the sorption of Iand IO3- on soils. For example, Dai et al. (1994), Fukui et al. (1996), Nishimaki et al.
(1994) and Yoshida et al. (1992) came to the conclusion that the sorption of IO3- is
greater than the sorption of I- on soil. On the other hand, Evans and Hammad (1995),
Gil-Carcía et al. (2009) and Muramatsu et al. (1990b) had opposite results. It appears
that the characteristics of the soil type used (eg. the content of organic matter,
proportions of clay, silt and sand fraction and the clay minerals present) and the
experimental variables induce the variation found on the Kd-values of I- and IO3-.
4.5 Sorption on minerals
The sorption of I- and IO3- has been studied intensively on numerous minerals (e.g.
Assemi and Erten 1994; Bors et al. 1991; Hu et al. 2005; Kaplan et al. 2000; Muramatsu
et al. 1990b; Sazarashi et al. 1994; Ticknor and Cho 1990; Whitehead 1974b). IO3- is
sorbed on several minerals substantially more than I- (Kaplan et al. 2000). The sorption
mechanisms for IO3- and I- are proposed to be specific and electrostatic sorption,
respectively (Evans and Hammad 1995). The specific sorption of IO3- is proposed to
proceed as a replacement of hydroxyl groups at exposed edge sites or H2O ligands on
mineral surfaces (Ticknor and Cho 1990). The sorption capacity decreases as the
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fraction of hydroxyl groups functioning as sorption sites (-OH2+) decrease, because of
increasing deprotonation of OH- groups with increasing pH. The adsorption of I- on
minerals having anion exchange capacity, namely allophane, attapulgite and
montmorillonite, is low (Kd ~1 ml/g), whereas sorption is considerable on minerals
containing metal ions capable of forming insoluble metal iodides (Sazarashi et al. 1994).
The sorption of I- is high on minerals forming insoluble metal iodides such as cinnabar
(HgS), for which Kd is 2.0x104 ml/g. Cinnabar is a rare mineral and it is usually
encountered in areas with alkaline hot springs or recent volcanic activity. The sorption
of IO3- is pronounced on minerals having capability to reduce IO3- to I- (Hu et al. 2005).
The presence of structural Fe2+ or S2- induces the reduction of IO3-.
Sorption of I- and IO3- on clays is low, probably because clays carry negative charge
which tends to repel anions (Assemi and Erten 1994, Bird and Schwartz 1996). Among
clay minerals, illite and chlorite-illite clay can absorb significant amounts of Icompared with other common clays, such as kaolinite, bentonite, montmorillonite or
vermiculite (Assemi and Erten 1994; Kaplan et al. 2000). The sorption mechanism on
illite is reversible physical sorption on the pH- dependent edge sites, when a major
fraction of I- is weakly sorbed and a minor fraction is sorbed irreversibly (Bors et al.
1991, Hu et al. 2005, Kaplan et al. 2000). The sorption of I- on illite is dependent on pH
and Kd decreases from 46 ml/g to 22 ml/g as the pH increases from 3.6 to 9.4 (Kaplan et
al. 2000). The maximum Kd of 59 ml/g was found in pH 5.0. When illite is subjected to
solutions containing 0.3 M F-, Cl-, Br- or stable I- as a competing anion, 43, 45, 52 or
83% of the sorbed I- is desorbed, the fraction of desorption increasing as the size of the
competing anion approaches to that of I-. Rançon (1988) found that the Kds for iodine
on illite were in the range of 0.5-2 ml/g in pH 7.2
Kaolinite and montmorillonite have found to show no or little sorption of I- (Assemi
and Erten 1994, Bors et al. 1991, Muramatsu et al. 1990b, Rançon 1988, Sazarashi et al.
1994, Ticknor and Cho 1990, Ticknor et al. 1996, Whitehead 1974b) and these both
minerals can exhibit negative Kds due to anion exclusion when negatively charged
mineral surfaces repel negative anions from their vicinity (Kaplan et al. 2000). IO3- is
sorbed on kaolinite (Muramatsu et al. 1990b; Ticknor and Cho 1990) and the sorption is
dependent of pH: over 26 % of IO3- can be sorbed in pH<5 and the amount sorbed
decreases to zero as pH increases to 7 (Kaplan et al. 2000). Hu et al. (2005) found in
their studies that kaolinite and montmorillonite are capable of reducing IO3- to I-. The
calculated reduction capacities for kaolinite and montmorillonite were 14±0.69 and
18±1.5 mmol IO3-/g. The reduction capability was associated with structural Fe2+ and
S2-, which can be found as impurities in clay minerals.
I- and IO3- show affinity towards hematite (Fe2O3) (Kaplan et al. 2000) and the sorption
of these two species is dependent of pH: e. g. in pH 7, hematite sorbs nearly 100% of
IO3- present in solution and only 30 % of I-. Ticknor and Cho (1990) had somewhat
similar results: I- was not sorbed on hematite, but the sorption of IO3- was significant
and the value of Kd reached 30 ml/g (Ticknor and Cho 1990).
The sorption of I- on quartz practically does not take place, but the sorption of IO3occurs (Kaplan et al. 2000; Muramatsu et al. 1990a; Muramatsu et al. 1990b; Rançon
1988; Ticknor and Cho 1990; Sazarashi et al. 1994). Kds for I- can even be negative and
the ones for IO3- are usually below 1 ml/g (Kaplan et al. 2000), but as high Kds as 15
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ml/g have been found (Ticknor and Cho 1990). Hydrous oxide layers formed at the
solution-solid interface may be associated to sorption together with active sorption sites
(hydroxyl groups) on the surfaces of quartz particles (Ticknor and Cho 1990).
I- does not sorb on chlorite, epidote or goethite, and chlorite may even exhibit negative
Kds (Kaplan et al. 2000; Rançon 1988; Ticknor and Cho 1990; Ticknor et al. 1996).
Unlike I-, the sorption of IO3- is significant and quite large Kds are found for all three
minerals (29, 9 and 5 ml/g, respectively) compared with other minerals, such as
kaolinite and quartz (Ticknor and Cho 1990).
Very low sorption of I- and IO3- is found on a number of minerals, including biotite,
calcite, gypsum, muscovite and vermiculite (Kaplan et al. 2000; Rançon 1988;
Ticknor et al. 1996). Usually, Kds found for these minerals are below 1 ml/g.
Vermiculite can also show negative sorption (Kaplan et al. 2000).
In Table 9 can be found Kds for IO3- on chlorite, epidote, goethite, hematite, kaolinite
and quartz.

Table 9. Kds for iodate on selected minerals in initial solution pH of 7.7 (Ticknor and
Cho 1990). pH values were not given in the text.
Mineral
Chlorite
Epidote
Goethite
Hematite
Kaolinite
Quartz

Kd IO3- (ml/g)
29.3 ± 1.5
9.6 ± 1.5
5.0 ± 2.2
30.0 ± 2.6
19.0 ± 3.6
15.7 ± 4.0

In Table 10 are summarized Kd- values for iodine presented in the text. Kd- values
presented in the preceding Tables are not included. Some values not mentioned in the
text are also given.

55

Table 10. Kd- values for iodine presented in the text and summarized for different soil
types and minerals. Values not given in the text are also included.
Material

species

Kd
(ml/g)

Organic
peat soil
Organic
sediment
Organic
sediment
Organic
soil
Organic

I-

1.37x106

I-

30

IO3-

456

I-

32

n.m.

32

Organic

I-

36

Organic

IO3-

7.7

Peat

I-

2.9

Peat

I-

1.7

Peat

I-

200

Peat

I-

400

Peat

I-

Peat

Humic
acid
Humic
acid
Soil

Notes

Notes

Anoxic
conditions
Oxic conditions
Geometric mean
value
Geometric mean
value
Geometric mean
value
Geometric mean
value
Sorption of
spiked stable I
Sorption of
spiked stable I
[I-] initial
2.8x10-12 mol/l

Country

Reference

Canada

Sheppard et al.
1995
Bird and
Schwartz 1996
Bird and
Schwartz 1996
EMRAS 2008

Canada
Canada

Vidal et al. 2009
Vidal et al. 2009
Vidal et al. 2009
Forsmark deep
peat
Simpevarp peat

Sweden

Unirradiated

Germany

[I-] initial
2.8x10-12 mol/l

Irradiated 40
kGy

Germany

350

[I-] initial
2.8x10-12 mol/l

Irradiated
kGy

I-

0-38

Oskarshamn

Natural
groundwater,
0.125-133days
equilibrium time

I-

15

IO3-

40

I-

0.3

[I-] inactive
1x10-8 mol/l

Soil

I-

0.2

[I-] inactive
1x10-3 mol/l

Soil

IO3-

290

Sweden

80 Germany

Sweden

Exchange ratio Germany
inactive

radioactive
Exchange ratio Germany
inactive

radioactive
Canada

Sheppard et al.
2009
Sheppard et al.
2009
Bunzl and
Schimmack
1988
Bunzl and
Schimmack
1988
Bunzl and
Schimmack
1988
Holgersson
2009

Muramatsu et al.
1990b
Muramatsu et al.
1990b
Bors et al.
(1991)
Bors et al.
(1991)
Evans and
Hammad 1995
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Table 10 continued.
Material

species

Kd
(ml/g)

Sterilized
soil
Soil

IO3-

Country

Reference

14

Canada

I-

505

Canada
Canada
OM< 2%

Evans and
Hammad 1995
Evans and
Hammad 1995
Evans and
Hammad 1995
Vidal et al. 2009

2%  OM  5%

Vidal et al. 2009

5%  OM 
10%
OM  10%

Vidal et al. 2009

Sterilized
soil
Soil

I-

150

n.m.

2.3

Soil

n.m.

9.1

Soil

n.m.

18

Soil

n.m.

34

Clay

n.m.

11

Clay

I-

6.8

Clay

I-

0-19

Clay soil

I-

11.0

Clay
gyttja
Clay
gyttja
Clay
gyttja

I-

8.8

I-

2.9

I-

0-19

Clay till

I-

0.0041

Clay till

I-

0.069

Loam

n.m.

8

Loam

I-

6.5

Loam

IO3-

8.9

Loam soil

I-

8.0

Notes

Geometric mean
value
Geometric mean
value
Geometric mean
value
Geometric mean
value
Geometric mean
value
Geometric mean
value
Oskarshamn

Geometric mean
value
Sorption of
spiked stable I
Sorption of
spiked stable I
Oskarshamn

Sorption of
spiked stable I
Sorption of
spiked stable I
Geometric mean
value
Geometric mean
value
Geometric mean
value

Notes

Vidal et al. 2009
Vidal et al. 2009
Vidal et al. 2009

Natural
groundwater,
0.125-133days
equilibrium time

Sweden

Holgersson
2009

EMRAS 2008
Simpevarp clay
gyttja
Simpevarp clay
gyttja
Natural groundwater, 0.125133days equilibrium time
Forsmark clay
till
Forsmark clay
till

Sweden
Sweden
Sweden

Sweden
Sweden

Sheppard et al.
2009
Sheppard et al.
2009
Holgersson
2009

Sheppard et al.
2009
Sheppard et al.
2009
Vidal et al. 2009
Vidal et al. 2009
Vidal et al. 2009

Geometric mean
value

EMRAS 2008
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Table 10 continued.
Material

species

Kd (ml/g) Notes

Sand

n.m.

4.1

Sand

I-

3.6

Sand

IO3-

3.6

Sand

I-

0-16

Sand soil

I-

4.1

Sandy till

I-

0.28

Till

I-

0-8

Calcareous
soil
Sterilized
calcareous
soil
Podzol
IPodzol
I-

Geometric mean
value
Geometric mean
value
Geometric mean
value
Oskarshamn

Sorption of
spiked stable I
Oskarshamn

0.01

Notes

Podzol

I-

4.3

Podzol

I-

11.1

Allophane I

3.64

Attapulgite I

0.958

Attapulgite I-

2

Oxic coditions
Anoxic
conditions
Sterilized by
irradiation
Sterilized by
fumigation
(CHCl3)
Initial pH 3.7
equilibrium pH
5.8
Initial pH 6.3
equilibrium pH
8.0
pH 7.5

Bauxite

I-

1

pH 7.3

Biotite

I-

0.7

Calcite
chalcopyrite

II

0.04
15.1

Initial pH 6.3
equilibrium pH
6.3

Reference
Vidal et al. 2009
Vidal et al. 2009
Vidal et al. 2009

Natural ground- Sweden
water, 0.125133days equilibrium time
Geometric mean
value
Simpevarp sandy Sweden
till
Natural ground- Sweden
water, 0.125133days equilibrium time
China

0.01

73
36.3

Country

Holgersson 2009

EMRAS 2008
Sheppard et al.
2009
Holgersson 2009

Tao et al. 1996

China

Tao et al. 1996

Germany
Germany

Bors et al. (1991)
Bors et al. (1991)

Germany

Bors et al. (1991)

Germany

Bors et al. (1991)

Sazarashi et al.
1994
Sazarashi et al.
1994
Equilibrium time
3 days
Equilibrium time
3 days

Rançon 1988
Rançon 1988
Ticknor et al.
1996
Kaplan et al. 2000
Sazarashi et al.
1994
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Table 10 continued.
Notes

Notes

Reference

I-

Kd
(ml/g)
700

pH 7.2

Equilibrium time 3
days

Rançon 1988

Chlorite-illite
Cinnabar

II-

5.0
2.0x104

Bistilled water
Initial pH 6.3
equilibrium pH
7.00

Corundum

I-

0.31

Corundum

IO3-

0

Goethite
Goethite
Goethite

III-

0.4
0.1
2

Hematite

I-

1

Hematite

I-

40

Hematite

IO3-

190

Illite

I-

2

pH 7.2

Equilibrium time 3
days

Illite
Illite

II-

15.14
46

pH 3.6

Illite

I-

59

pH 5.0

Illite

I-

24

pH 7.9

Illite

I-

22

pH 9.4

In 0.01 M CaCl2
solution
In 0.01 M CaCl2
solution
In 0.01 M CaCl2
solution
In 0.01 M CaCl2
solution

Illite-chlorite

I-

2.2

Kaolinite
Kaolinite

II-

0.5
0.10

[I-] in solid
0.5x10-7 mol/l
Bistilled water

Kaolinite

IO3-

0.53

Kaolinite

I-

4

pH 6.9

Kaolinite

I-

1.3

Laterite

I-

0.5

[I-] in solid
0.5x10-7 mol/l
pH 7

Limonite

I-

6

pH 6.5

Montmorillonite

I-

1.9

Material

species

Chalcopyrite

pH 7.6

Bors et al. 1991
Sazarashi et al. 1994

Equilibrium time 3
days

Equilibrium time
3 days

Muramatsu et al.
1990b
Muramatsu et al.
1990b
Ticknor et al. 1996
Kaplan et al. 2000
Rançon 1988
Rançon 1988

Equilibrium time 3
days

Equilibrium time 3
days
Equilibrium time 3
days

Muramatsu et al.
1990b
Muramatsu et al.
1990b
Rançon 1988
Kaplan et al. 2000
Kaplan et al. 2000
Kaplan et al. 2000
Kaplan et al. 2000
Kaplan et al. 2000
Assemi and Erten
1994
Bors et al. 1991
Muramatsu et al.
1990b
Muramatsu et al.
1990b
Rançon 1988
Assemi and Erten
1994
Rançon 1988
Rançon 1988
Ticknor et al. 1996
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Table 10 continued.
Material

species

Kd
(ml/g)

Notes

Montmorillonite
Montmorillonite
Montmorillonite
Montmorillonite

I-

4.0

DOC 5.2 mg/l

Ticknor et al. 1996

I-

0.2

Bistilled water

Bors et al. 1991

I-

-0.42

I

0

Quartz

I-

0

Quartz
Quartz sand

II-

0.04
0.05

Quartz sand

IO3-

0

Siderite

I-

0.2

pH 7.6

Equilibrium time 2
days

Vermiculite
Vermiculite

II-

0.56
3

pH 6.7

Equilibrium time 3
days

Notes

Reference

Kaplan et al. 2000
Initial pH 3.7-10
equilibrium pH
6.3-6.5
pH 7.2

Sazarashi et al. 1994

Equilibrium time 3
days

Rançon 1988
Kaplan et al. 2000
Muramatsu et al.
1990b
Muramatsu et al.
1990b
Rançon 1988
Kaplan et al. 2000
Rançon 1988

4.6 The volatilization of iodine
The volatilization of iodine from soils neither is an important reaction affecting soil
iodine content (Whitehead 1973a), nor a significant pathway to iodine within the
biosphere (Bostock et al. 2003). Iodine volatilizes less from organic soil than from
mineral soil due to the stronger and faster retention in organic soils (Bostock et al. 2003;
Sheppard et al. 2006). The degassing is approximated to account for 0.07-0.21 % lost of
the initial amount (Sheppard and Hawkins 1995, Sheppard et al.1995) and the estimated
degassing rate is 2.22x 10-17 a-1 (Sheppard et al. 2006). The volatilization of iodine
increases with increasing iodine concentration, and the evaporation takes place solely in
oxic conditions (Muramatsu et al. 2004). Methyl iodide, CH3I, and elemental iodine, I2,
are the volatilized species (Bostock et al. 2003; Muramatsu et al. 2004). It is suggested
that aerobic prokaryotes, mainly bacteria, are involved in the production of volatile
iodine compounds and that biomethylation by soil micro-organisms may be an
important source of CH3I (Muramatsu et al. 1995; Muramatsu et al. 2004).
Bostock et al. (2003) studied the volatilization of iodine from coniferous forest soil and
the effect of freezing and thawing. They found that the freezing of the soil induces the
formation of volatile elemental iodine by increasing the fraction of dissolved iodine, but
freezing do not increase the volatilization rate. From the initial activity of 50 kBq, only
0.044 % was lost by volatilization from coniferous forest soil on a 22- day experiment.
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In a 48 hour study basis, the volatilization was only 0.013 % for a coniferous forest soil
and as low as 0.004 % for a grassland. Fukui et al. (1996), in turn, found no
volatilization from fine sand soil over a contact period of 7 days, nor did Kashparov et
al. (2005) from soddy-podzolic soil.
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5

CHLORINE

The most important isotope of chlorine in spent nuclear fuel is radioactive Cl-36. It
arises from the neutron capture of the stable Cl-35 by the reaction 35Cl(n,)36Cl
(Sheppard et al. 1996). It has a long physical half- life (3.01 x 105 y), high mobility in
soil and the greatest bioavailability among anionic radionuclides (Ashworth and Shaw
2006b; Colle et al. 2005). Chlorine is suspected to be very important radiation source
for humans because of its high soil-to-plant transfer (Sheppard et al. 1996).
Chlorine exists in the environment almost solely in the form of chloride anion (Cl-).
Chloride does not form complexes with inorganic ligands in soil solution and
complexation with organic matter is slight (Pérez-Sánchez et al. 2009; Viers et al.
2001). The behaviour of radiochlorine follows that of stable chlorine (Kashparov et al.
2005; Kashparov et al. 2007). Cl-36 has been used widely as a tracer for the movement
of water and anionic solutes in water, because chloride was thought to behave as a
conservative element, in a sense that it does not interact with its environment (Bastviken
et al. 2007, Philliphs et al. 1988, Viers et al. 2001). This has been later on proved to be a
wrong assumption (e. g. Ashworth and Shaw 2006b; Viers et al. 2001; Sheppard et al.
2006) and chloride does interact with its environment in some extent.
The most important factors influencing the sorption and migration of chlorine in soils
are the organic matter content and the pH of the soil (Asplund and Grimwall 1991,
Bastviken et al. 2007; Hjelm et al. 1995; Keppler et al. 2000; Rohlenova et al. 2009;
Viers et al. 2001; Yoshida et al. 1992; Öberg and Grøn 1998). The organic matter
content of the soil affects the formation of organochloride compounds, as the fraction of
organochlorides increase with increasing organic matter content.

5.1 The influence of soil redox potential and pH
The speciation of chlorine in soil is independent of the prevailing redox- conditions and
it exists as inorganic chloride, Cl- (-1) (Ashworth and Shaw 2006b, Bohn et al. 1985,
Sheppard et al. 1996), even though organochloride compounds are proved to exist and
be generated in nature (e. g. Asplund and Grimwall 1991; Bastviken et al. 2007; Hjelm
et al. 1995; Keppler et al. 2000; Rohlenova et al. 2009; Öberg and Grøn 1998). ClO4can be found in highly oxidizing conditions, which do not exist in soils. In Figure 17 is
presented the Eh- pH diagram of chlorine.
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Figure 17. The Eh-pH diagram of chlorine (Takeno 2005). Cl = 10-10, 298.15 K and
105 Pa.
The sorption of chloride is greatly dependent of the pH of the soil solution, as the
surface charge of the soil particles changes when pH decreases below the pHpzc of the
soil particles, or increases above it (Viers et al. 2001). Usually, the sorption of Clincreases with decreasing pH, due to the more positive surface charge of the soil
particles. In Yoshida et al. (1992) study, for example, the Kd of Cl- was 0.3- 0.4 ml/g
under acidic conditions, but only 0.1 ml/g in pH 7. The decrease in the Kd was
explained by the more negative surface charge of the soil mineral constituents in higher
pH values.
pH affects also to the production of organochloride compounds, as the production
increases with decreasing pH (Johansson et al. 2003; Öberg et al. 1996).

5.2 The influence of organic matter and micro-organisms
5.2.1

Organic chlorine in soil

Organochloride compounds are ubiquitous everywhere in the nature and the amount of
organic chloride (Clorg) is greater than the amount of inorganic chloride (Clinorg) in soils
(Asplund and Grimwall 1991, Rohlenová et al. 2009; Öberg and Grøn 1998). Spruce
trees produce organochlorides and so does many soil organisms as halometabolites
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(Asplund and Grimwall 1991). The retention of chloride on soils takes place through
soil-to-plant transport (Kashparov et al. 2005; Kashparov et al. 2007). Once the plant
decomposes, chloride is passed back to soil. Most of the chloride is retained near the
surface (Milton et al. 2003). The bioavailability of chlorine depends on the organic
matter content and is low for soils rich in organic matter and high for soils depleted with
organic matter (Kashparov et al. 2005).
The pool of organic chlorine in the uppermost 60 cm in a Danish coniferous forest soil
was found to be 180 tons of Clorg/ha and for inorganic chloride 630 kg Clinorg/ha (Öberg
and Grøn 1998). As a function of time, the formation of organochloride compounds
exceeded that of mineralization, i.e. the release of chloride from its compounds, and the
pool of organic chloride increased still (Öberg 1998).
Clorg increases with increasing organic carbon content and Clinorg and decreasing pH,
when the organic matter content is sufficient (Asplund and Grimwall 1991; Bastviken et
al. 2007; Hjelm et al. 1995; Johansson et al. 2003; Rohlenová et al. 2009; Öberg et al.
1996). The amounts of Clorg decrease as a function of depth, because of the lower
microbial populations and smaller amount of organic matter (Bastviken et al. 2007;
Hjelm et al. 1995). The ratio of organic chloride to organic carbon (Clorg:Corg) increases
with depth and the highest ratio of Clorg:Corg is found at the transition zone between
organic horizon and underlying mineral soil horizon (Asplund and Grimwall 1991,
Hjelm et al. 1995). Organohalogens are produced mainly in areas with the elevated
concentrations of organic matter, e.g. in peat bogs (Asplund and Grimwall 1991).
Organic chloride compounds are not persistent in soil: many soil micro-organisms are
capable of destructing organochlorides and free inorganic chloride into the soil solution
(mineralization) (Bastviken et al. 2007; Johansson et al. 2003; Öberg 1998).
Organochloride compounds are only a temporary sink for chloride, as the mineralization
and production of Clorg takes place simultaneously (Hjelm et al. 1995; Johansson et al.
2003).
Lee et al. (2001) found that chloride associates preferably with low molecular weight
(LMW) humic substances, even though high molecular weight (HMW) humic
substances (molecular weight >10 kDa) are much more abundant. The percentages of
Cl-36 associated with soils LMW and HMW humic substances are approximately 12 %
and 9.5 % of the soils total Cl-36 activity, and the fraction of mobile, nonsorbing
chloride varies between 41 % and 52 %. Differences in association preference can arise
from the functional groups of different kind found on LMW and HMW. Asplund and
Grimwall (1991) and Bastviken et al. (2007) noticed also that the amount of Clorg is
related to the fulvic and humic matter, not to the organic matter as a whole. This may be
because smaller compounds may have a larger relative influence on processes taking
place in soils than larger ones, which favours the chlorination of the smaller
compounds, even though the amount of the smaller compounds (non-chlorinated) may
be lower than the amount of the larger compounds in soils (Öberg 1998). Smaller
compounds are often more mobile and bioavailable than larger ones.
Chloride can react with soil humic substances and form numerous compounds, for
example chloral, ethyl dichloroacetate, ethyl trichloroacetate, dichloroacetic (DCA) acid
and trichloroacetic acid (TCA) (Ishikawa et al. 1986). Trichloromethane, CHCl3, is the
main product. DCA and TCA are also chlorination intermediates in a forest soil
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(Rohlenová et al. 2009) and volatile organochloride compounds can be formed as larger
compounds are fragmentated (Öberg 1998). Chlorine is thought to form
organochloroamines when complexed with the NH2 -groups found in fulvic acids (Lee
et al. 2001).
Naturally produced organohalogens are very ubiquitous in terrestrial environments
(Rohlenová et al. 2009; Öberg 1998), though the concentration of organic chloride is
significantly higher in coniferous forests than in deciduous forests in Sweden
(Johansson et al. 2003), the amounts being 340 and 180 μg Clorg/g of dry soil
respectively. The reason for this difference is the higher input amounts of inorganic
chlorine (Cl-) in coniferous forest, the lower soil pH and higher organic carbon content
(Johansson et al. 2003).
Kds for chlorine in organic soils can range in a large scale: Kashparov et al. (2005)
found Kds for chlorine in tropical organic soil to be 1.2 ml/g, Bergström et al. (1999)
observed the Kd range for peat to be 1-100 ml/g and according to Milton et al. (2003)
Kds for chlorine in organic litter can be as high as 830 – 5700 ml/g (geometric mean
2000 ml/g).
5.2.2

Chlorination of organic matter

The enzymatic chlorination of organic matter takes place in terrestrial environments
producing considerable amounts of organochloride compounds to the environment and
being the largest source of these compounds (Asplund and Grimwall 1991). It is
suggested that organochloride compounds are formed spontaneously through direct
formation in soil micro-organisms (specific compounds) and by soil micro-organisms
through the formation of reactive hypochlorite (OCl-) in an exo-enzyme mediated
process (Asplund and Grimvall 1991; Matucha et al. 2001; Rohlenová et al. 2009;
Öberg 1998). Reactive hypochlorite reacts rapidly with organic matter by breaking C-C
bond and forming non-specific organochloride compounds (Asplund and Grimvall
1991; Bastviken et al. 2007; Johansson et al. 2003; Rohlenová et al. 2009; Oberg 1998).
The enzyme behind this process is proposed to be haloperoxidase, a chloroperoxidaselike enzyme (Asplund and Grimvall 1991; Asplund et al. 1994). Chloroperoxidase like
enzymes need the presence of oxygen and hydrogen peroxide to work proper, meaning
that oxic conditions favour the chlorination (Bastviken et al. 2009). Long-term
chlorination (>100 days) leads to more stable organochlorides as the chloride bounds
more firmly on organic matter, probably on aromatic ring, producing nonhydrolyzable
compounds (Rohlenová et al. 2009). Short term chlorination (<42 days) produces
hydrolyzable compounds when chlorination takes place in the aliphatic chains.
The first step in the natural chlorination of organic matter includes the microbial
component: inorganic chloride is taken up by microbes and then released back to the
soil solution as Clorg (Bastviken et al. 2007). After 133 days of experiment, total of 4 %
of the initial chloride was converted to Clorg in humic and fulvic fractions. The
chlorination of organic material is in oxic conditions dependent of the ambient
temperature, decreasing with increasing temperature, indicating that the role of
microbes in the chlorination is dominating. This may be explained as the activity
dependence of the enzymes on the temperature: enzymes increase their catalytic activity
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to a certain temperature and in the higher temperatures their catalytic activity decreases
because of the protein disrupting. Temperature controls also the rate of producing of
new enzymes and nonetheless micro-organisms themselves are sensitive to heat. Biotic
chlorination dominates in the temperature range 4-40 °C and in temperatures mostly
encountered in soils (Bastviken et al. 2009). The formation of Clorg is much slower in
anoxic conditions due to the lower metabolic energy yield in anaerobic metabolism,
which induces lower microbial activity (Bastviken et al. 2007).
The role of microbes is not limited to the production of organochloride compounds
(Bastviken et al. 2007). Microbes also control the soil solution Clinorg concentration. In a
Bastviken et al (2007) study 11-24 % of the initial amount of Cl- -36 tracer was taken up
by the soil micro- organisms within the first week of the experiment, and the same
amount was released from the microbes after three weeks. Thus, the effect of microbes
on the chloride concentration in the soil solution is considerable and the actual amount
of chloride present in microbial cells may be even greater than the chloride
concentration in soil solution.
5.2.3

Abiotic chlorination

Abiotic halogenization of organic matter, i.e. halogenization without the involment of
biotic components, can occur in anoxic and elevated temperature (above 50 °C)
conditions, but its role in the production of organohalogens is only minor (Bastviken et
al. 2007; Keppler et al. 2000). This type of halogenization involves the oxidation of
organic matter by reactive redox element, e. g. Fe2+, and in the process halide ions are
alkylated (Keppler et al. 2000). The oxidation rate of Fe2+ depends on the amount of
organic matter and the reaction products include CH3Cl, C2H5Cl, C3H7Cl and C4H9Cl.
5.3 Sorption on mineral soils
Inorganic chloride is highly mobile and soluble in soils and follows the movement of
water (Johansson et al. 2003; Kashparov et al. 2005). Its sorption on soil mineral
constituents is minimal and is easily released to soil solution (Bastviken et al. 2007;
Milton et al. 2003; Nishimaki et al. 1994). Chlorine actually moves faster than
groundwater itself, due to anion exclusion effect (McMahon and Thomas 1974; Ogard
et al. 1988; Pérez-Sánchez et al. 2009; Thomas and Swoboda 1970). The anion
exclusion effect is based on negatively charged mineral surfaces that repels Cl- from
their vicinity and is more efficient at soils with high negative charge (large CEC)
(Thomas and Swoboda 1970). Anion exclusion may also retard the penetration of Clinto clay formations.
The flow rate of soil water is the most important factor that dictates the migration
velocity of chloride in soil: at high soil water flow rates chloride migrates rapidly in soil
along larger, continual pores, fractures and cracks (Ashworth and Shaw 2006b;
Kashparov et al. 2005; McMahon and Thomas 1974; Milton et al. 2003; Pérez-Sánchez
et al. 2009; Phillips et al. 1988; Thomas and Swoboda 1970; Viers et al. 2001). The
bioavailability of chlorine in soil is great (Colle et al. 2005). Cl- -36 derived from the
atmospheric fallout is very mobile in soils and the chloride concentrations near the
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ground surface are usually low due to the leaching of Cl- with precipitate (Phillips et al.
1988). Organic chloride, in one hand, can be expected to be less mobile than inorganic
chloride because of the bonding to low and high molecular weight humic substances
(Lee et al. 2001; Johansson et al. 2003).
The sorption mechanism of chloride on soil is through non-specific adsorption, meaning
that sorption does not involve ligand exchange but is because of electrostatic attraction
between positively charged surfaces and negatively charged anions (Katou et al. 1996,
Viers et al. 2001, Yoshida et al. 1992). Thus, the sorption of chloride is favoured by low
pH (Viers et al. 2001). Chloride can be sorbed in small amounts to positively charged
iron sesquioxides and to clay minerals, which have very low cation exchange capacity
and thereby exhibit small anion exclusion towards chloride (McMahon and Thomas
1974; Milton et al. 2003; Viers et al. 2001).
Due to the anion exclusion effect chloride is not sorbed in significant amounts on clay
minerals or other common aluminosilicate minerals (Baston et al. 1992; Berry et al.
1988; Kashparov et al. 2005; Pérez-Sánchez et al. 2009; Thomas and Swoboda 1970),
and therefore the Kds of chloride are close to 0 ml/g in soils (Baston et al. 1992;
Kashparov et al. 2007; Sheppard, et al. 1993). Chloride can sorb on colloids consisting
of aluminium, iron and organic matter in which case the positive charge attracting
chloride from solution can be that either of aluminium or iron species on colloids (Viers
et al. 2001; Yoshida et al. 1992).
For mineral soils, Kds are usually very low (Ashworth and Shaw 2006b; Kashparov et
al. 2005) and reported Kds for chlorine on sand, loam, clay and organic soil were 0.8,
0.25, 4.4 and 11 ml/g in a study by Sheppard et al. (1996) and Sheppard et al. (2006).
Gil-García et al. (2009) found Kds for chloride on sand, loam and clay soil to be 0.5, 0.4
and 0.2 ml/g. Sheppard et al. (1993) discovered Kd for chlorine on soil to have a value
of 0.63 ml/g after 1.25 hours of equilibrium and a steady state value of 0 ml/g.
Bergström et al. (1999) obtained Kd for chlorine in mineral soil to vary in the range of
0.1-10 ml/g. Yoshida et al. (1992) found Kds of chlorine on two Japanese soils to be 1.5
and 1.7 ml/g. The Kd of chloride on blue Cambrian clay is very small, only 0.3 ml/g,
and the migration velocity was found to be 6.6x10-10 m2/s (Rumynin et al. 2004).
Ashworth and Shaw (2006b) had similar approximated migration rates of 7.8–8.9x10-10
m2/s for chlorine in soil.
In Table 11 are summarized Kd- values for chlorine presented in the text. Some values
not mentioned in the text are also included.
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Table 11. Kd- values for chlorine presented in the text and summarized for different soil
types and minerals. Values not given in the text are also included.
Material

Kd
(ml/g)

Note

Country

Reference

Organic
litter

8305700
(GM
2000)

Experimental data given in
Milton et al. 2003. Kd
calculated from the
measured Cl-36
abundance in soil and
water.

Canada

Sheppard et al.
2004

Organic
soil
Organic
soil
Organic
soil
Organic
soil
Organic

11

0.7

Arithmetic mean

Peat

3.5

Forsmark deep peat

Sweden

Peat

2

Simpevarp peat

Sweden

Blue
Cambrian
clay
Clay

0.3

150

Sheppard et al.
2006
EMRAS 2008

Geometric mean value

1.2

Ukraine

1-1000

Sweden

0.2

Russia

Geometric mean

Kashparov et al.
2005
Bergström et al.
1999
Vidal et al. 2009
Sheppard et al.
2009
Sheppard et al.
2009
Rumynin et al. 2004

Vidal et al. 2009
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Table 11 continued.
Material

Kd
(ml/g)

Clay soil

0.2

Clay soil

4.4

Clay till

0.0017

Forsmark clay till

Sweden

Clay till

0.24

Forsmark clay till

Sweden

Clay gyttja

1.1

Simpevarp clay gyttja

Sweden

Clay gyttja

2

Simpevarp clay gyttja

Sweden

Loam

0.4

Geometric mean

Loam soil

0.25

Loam soil

0.4

Mineral
soil
Japanese
soil
Japanese
soil
Sand

0.1-10

Sweden

1.5

Japan

Sheppard et al.
2006
Gil-García et al.
2009
Bergström et al.
1999
Yoshida etl. 1992

1.7

Japan

Yoshida et al. 1992

0.5

Sand soil

0.5

Sand soil

0.8

Sandy till

0.76

Mineral
soil
Mineral
soil
Soil

0

0.63

Soil

0.0

1.4

Note

Country

Reference
Gil-García et al.
2009
Sheppard et al.
2006
Sheppard et al.
2009
Sheppard et al.
2009
Sheppard et al.
2009
Sheppard et al.
2009
Vidal et al. 2009

Geometric mean

Vidal et al. 2009

Simpevarp sandy till

Gil-García et al.
2009
Sheppard et al.
2006
Sheppard et al.
2009
Kashparov et al.
2005
EMRAS 2008

Sweden
Ukraine

Geometric mean value

Sheppard et al.
1993
Sheppard et al.
1993
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6

TECHNETIUM

Technetium is an artificial element, for which the most important radioisotope in
nuclear waste is Tc-99 (Ashworth and Shaw 2005; Denys et al. 2003; Lieser and
Bauscher 1987). Tc-99 is one of the main fission products in the nuclear fission of U235 and Pu-239 (Lieser and Bauscher 1987; Sheppard et al. 1983) and has a total fission
yield of 6.13 % (Ashworth and Shaw 2005; Denys et al. 2003; Lieser and Bauscher
1987). Because of this, technetium is one of the most important elements in the
intermediate and high activity level nuclear waste, and after 100 000 years its one of the
most active nuclides present (Abdelouas et al. 2005; Ashworth and Shaw 2005; Denys
et al. 2003; Lieser and Bauscher 1987; Palmer and Meyer 1981). Technetium is
presumed to be a major radiation source for humans with I-129 because of its long
physical half- life of 2.13x 105 years and high mobility in soil as pertechnetate (TcO4-)
ion (Abdelouas et al. 2005; Ashworth and Shaw 2005; Denys et al. 2003; Lieser and
Bauscher 1987; Palmer and Meyer 1981).
The sorption of technetium on soil is influenced by its speciation in ambient redox
conditions, soil pH, organic matter content, iron, aluminum and manganese hydroxide
and oxide content, the clay content and the activity of micro- organisms (Begg et al.
2007; Bennett and Willey 2003; Koch-Steindl and Pröhl 2001; Lieser and Bauscher
1987; Mousny and Myttenaere 1981; Sheppard et al. 1990; Tagami and Uchida 1996;
Tagami and Uchida 1999; Tká et al. 2000).

6.1 The influence of redox potential and pH
Technetium is a redox sensitive element (Koch-Steindl and Pröhl 2001; Lieser and
Bauscher 1987) and the redox potential of the soil governs its speciation and behavior in
soil (Begg et al. 2007; Koch-Steindl and Pröhl 2001; Lieser and Bauscher 1987; Tagami
and Uchida 1996). Technetium can exist on five different oxidation states 0, +II, +III,
+IV and +VII, from which the oxidation states +IV and +VII are dominant in typical
soil conditions (Koch-Steindl and Pröhl 2001). Technetium behaves completely
different in oxic conditions than in anoxic conditions: in well- aerated, O2 saturated
conditions, the main species of technetium is the highly soluble pertechnetate anion,
TcO4- (+VII) (Ashworth and Shaw 2005; Bunzl and Schimmack 1988; Koch-Steindl
and Pröhl 2001; Lieser and Bauscher 1987; Sheppard et al. 1983), but in the anoxic
conditions technetium reduces to immobile, sparingly soluble Tc(+IV), forming
different species depending on the pH and carbon dioxide partial pressure of the soil
(Lieser and Bauscher 1987). In very acidic solutions, when pH is below 1.3, TcO2+ is
formed, and as the pH increases to 1.3 - 2.2, technetium forms TcO(OH)+ (Lieser and
Bauscher 1987). As the pH increases above 2.2, usually encountered hydrous TcO2
species, TcO2*H2O or TcO(OH)2 (+VI), are encountered. The phase found as
immobilized in soils is dominated by the hydrous TcO2 species (Begg et al. 2008). The
Eh-pH diagram of technetium is presented in Figure 18.
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Figure 18. The Eh-pH diagram of technetium (Takeno 2005). Tc = 10-10, 298.15 K
and 105 Pa.
The behavior of pertechnetate anion is similar to common anion nitrate (Koch-Steindl
and Pröhl 2001, Shaw et al. 2004). The affinity of TcO4- towards the soil mineral
components is negligible. Among different forms of Tc, the bioavailability of TcO4- is
the greatest and Tc-organic matter complexes the smallest (Yanagisawa et al. 2000).
The sorption of Tc(+IV) compounds are remarkably higher and to a lesser degree
reversible than for Tc(+VII) (Lieser and Bauscher 1987). Because of the sparingly
soluble nature of the Tc(+IV) compounds and their high affinity to the surface sorption
sites of the soil constituents, the very high values of Kds are obtained in anoxic
conditions (Lieser and Bauscher 1987). Thus, the mobility of technetium in oxygen
deficient soils is very low or non- existing in comparison with the movement of water
(Ashworth and Shaw 2005; Lieser and Bauscher 1987; Tagami and Uchida 1996;
Tagami and Uchida 1999). Even though Tc(+IV) has proven to be non-mobile,
migration under water-saturated conditions took place in a study by Ashworth and Shaw
(2005). The migration rate was slow under redox potential of -250 mV, 8.2x 10-11 m2/s.
It remained uncertain if technetium was migrating in the reduced Tc(+IV) form or in the
oxidized TcO4- form. Ashworth and Shaw (2005) concluded that in the anoxic soil
layers also the upwards migration of technetium has to be taken into account.
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In the most oxidized parts of the soil redox potential can rise to +600 mV, but in the
parts of the soil that are saturated by groundwater, anoxic conditions may prevail and
the redox potential can fall as down as -250 mV (Ashworth and Shaw 2005). The E0 for
the redox reaction TcO4- + 3 H2O + 3e-  TcO(OH)2 + 4 OH- is -500 mV in standard
conditions (Lieser and Bauscher 1987). Within the pH range of 6-8, the conversion
between technetium species takes place at redox potential of 150 mV (Koch-Steindl and
Pröhl 2001; Shaw et al. 2004).
The question if Tc(+IV) converts back to Tc(+VII) when soil is reoxidized, have not
been elucidated undoubtedly (Ashworth and Shaw 2005). Ashworth and Shaw (2005)
demonstrated that as water- logged, anoxic soil dried and probably became oxidized, the
solubility of technetium increased from 4 % to 20 % as the gravimetric moisture content
of the soil decreased from 45 % to 2 % (Ashworth and Shaw 2005). This strongly
indicates that the oxidation of technetium takes place when the conditions change from
anoxic to oxic and lead to the remobilization of technetium in a very short time frame
(Ashworth and Shaw 2005). Other authors have found that reoxidation of technetium
does occur, is slow or does not take place at all (Begg et al. 2007; Begg et al. 2008;
Leonard et al. 1997; Sheppard and Evenden 1991; Tagami and Uchida 1999). The
stability of dissolved, aqueous Tc(+IV) increases with decreasing pH, which inhibits the
oxidation to Tc(+VII) (Shen et al. 2002).
The influence of pH on the sorption and migration of technetium in soil is quite
controversial: in some studies the sorption increases with increasing pH and in others it
decreases as the pH increases (Kaplan 2003, Sheppard et al. 1990). The sorption of
TcO4- is quite poor in a large pH- range found in soils (Begg et al. 2008). In a study
made by Kaplan (2003), for example, the Kds of technetium decreased from 4 ml/g to
1.5 ml/g as the pH increased from 3 to 7. The sediment sample used was organic
wetland sediment. Sheppard et al. (1990) came to the conclusion that the soil pH does
not affect on the sorption of technetium on mineral soil samples, because the Kds of Tc
were 0 ml/g.

6.2 The influence of micro-organisms
Micro-organisms can affect the sorption and migration of technetium via complexation
processes and by changing the pH or the Eh of the soil (Abdelouas et al. 2002). A
decrease in the redox potential can be caused by growth of microbial population, for
example through enhanced combustion of organic matter when the aeration of the soil is
inhibited (Abdelouas et al. 2005; Koch-Steindl and Pröhl 2000). Aerobic microorganisms are not able to reduce or biosorb TcO4- (Bennett and Willey 2003). In oxic
conditions anaerobic sulphate reducing bacteria are not able to reduce, biosorb or
bioaccumulate technetium (Abdelouas et al. 2002; Abdelouas et al. 2005). This takes
place only in anoxic conditions. In highly acidic soils, when pH < 2, technetium cannot
be reduced by the soil micro-organisms because low pH inhibits the growth of bacteria
(Abdelouas et al. 2005; Begg et al. 2007). The removal of technetium from solution is
microbially meditated and the biosorption of technetium on bacteria cells is of great
importance in the removal of technetium from solution (Abdelouas et al. 2002;
Abdelouas et al. 2005; Begg et al. 2007).
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Micro-organisms and bacteria, which are able to reduce sulphate ions, can also reduce
Tc(+VII) (TcO4-) to Tc(+IV) (Abdelouas et al. 2002; Abdelouas et al. 2005; KochSteindl and Pröhl 2001). Sulphate- reducing bacteria reduce SO42- to H2S in direct
enzymatic reduction via hydrogenase activity, i.e. oxidation of H2, and in the process
Tc(+VII) reduces to Tc(+IV) and forms insoluble sulphides, TcS2 (Lloyd et al. 2001).
The importance of microbes in the reduction of TcO4- was verified by an exam with a
soil sample containing bacteria and two other, sterilized samples with no living bacteria
but with 3 mM of S2- (Abdelouas et al. 2002). Within 28 days the fraction of technetium
in solution decreased by 98.4 % in bacteria containing sample, 66 % in
soil+groundwater+ S2- system and 86 % in soil+ deionized water+ S2- system. The
respective Kds for studied systems were 500, 19 and 61 ml/g, clearly emphasizing the
role of sulphate- reducing bacteria. The reduction reaction is accompanied by the
release of Fe2+ ions from soil to the solution (Abdelouas et al. 2002; Abdelouas et al.
2005).
Abdelouas et al. (2002, 2005) showed that some of technetium is coprecipitated with
FeS mineral mackinawite in the cells of sulphate- reducing bacteria. When
mackinawite, FeS, oxidises to goethite, FeOOH, technetium that was coprecipitated
with iron and sulphide neither oxidizes from Tc(+IV) to Tc(+VII) nor dissolves
(Wharton et al. 2000). Instead of this, technetium forms TcO2 in the lattice of FeOOH
and stays in the immobilized form.
In the presence of sulphate- reducing bacteria in soils poor with organic matter, the
biosorption of technetium on bacteria cells is the dominant process of immobilization
and precipitation of sparingly soluble Tc compounds, such as TcO2 or TcS2, is
insignificant (Abdelouas et al. 2005). In soils rich with organic matter, the formation of
TcO2 precipitate and its bioaccumulation in bacteria and complexation with organic
matter and FeOOH are the main sorption processes. Tc(+IV) that is released from the
metabolic processes of bacteria forms complexes easily with soil organic matter and
carbonates (Abdelouas et al. 2005).
Clostridia, anaerobic bacteria found in soils, sediments and wastes, are able to reduce
Tc(+VII) to Tc(+IV) (Francis et al. 2002) and capable of controlling the mobility of
technetium in subsoils under anaerobic conditions. Clostridia associate approx. 75-91 %
of the reduced Tc species to the cell biomass and the rest is complexed with metabolic
products, e. g. polysaccharides and proteins (molecular weight> 5000 Da), found in
solution. Pertechnetate ions themselves are not biosorbed by Clostridia. Once associated
with Clostridia biomass, technetium is in relatively stable form; after oxidation with
H2O2, 80 % of the reduced Tc dissolved and the rest remained in the cells of bacteria
(Francis et al. 2002).
Denitrificative micro-organisms are not able to reduce Tc(+VII) to Tc(+IV), because the
redox potential of the soil does not change sufficiently upon the reduction of nitrate, so
that anoxic conditions would be produced (Abdelouas et al. 2002; Abdelouas et al.
2005). In soils rich in organic matter and nitrate, denitrificative micro-organisms may
competite with anaerobic micro-organisms for organic matter and thus enhance the
mobility and bioavailability of technetium. Nitrate ion itself is an ineffective oxidant for
technetium (Begg et al. 2008).
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Fe3+- reducing bacteria, Geobacter sulfurreducens, can reduce technetium by two
distinct mechanisms; direct enzymatic reduction via hydrogenase activity in bacteria
and indirect chemical reduction via abiotic electron transfer from reduced Fe2+ species
(Lloyd et al. 2000). In biotic reduction the reduced Tc(+IV) is incorporated in bacteria
cells and precipitated as TcO2 on the periphery of the cells. Indirect reduction takes
place through abiotic electron transfer from microbially reduced Fe2+ to TcO4- (Begg et
al. 2007, Lloyd et al. 2000). The microbial reduction of Fe3+ to Fe2+ is accompanied by
the decrease of pH and by the change in soil redox conditions to anoxic, which, in turn,
leads to the reduction of Tc(+VII) to Tc(+IV) and the removal of Tc from solution
(Begg et al. 2007, Begg et al. 2008). The reduction of pertechnetate increases as the
concentration of extractable Fe2+ increases in the solid phase (Begg et al. 2007), but it
may also lead to the formation of Tc-iron complexes in the reaction between Fe2+ and
TcO4- (Yanagisawa et al. 2000).

6.3 Sorption on organic matter and organic soils
The sorption of pertechnetate is greatest on organic material (Ashworth and Shaw 2005;
Bunzl and Schimmack 1988; Koch-Steindl and Pröhl 2001; Mousny and Myttenaere
1981; Sheppard et al. 1983; Sheppard et al. 1990), but is still very slight (Sheppard et al.
1990). Organic matter serves also as a sink for the reduced technetium species
(Ashworth and Shaw 2005). The amount of organic matter present in soil effects
significantly the migration of pertechnetate through multiple reactions: organic material
can change the Eh and the pH of the soil, form complexes with Tc and form coatings on
solid surfaces (Koch-Steindl and Pröhl 2001; Sheppard et al. 1983; Ticknor et al. 1996).
Organic coatings on mineral surfaces are important in the sorption process of
technetium (Koch-Steindl and Pröhl 2001) and their production may be dependable on
the nature of the soil, i. e. the quantity and the quality of soil organic matter
(Yanagisawa et al. 2000). TcO4- does not form complexes with humic acids or fulvic
acids in solution (Bennett and Willey 2003; Ticknor et al. 1996). Complexation occurs
only in conditions when Tc(+VII) is reduced to Tc(+IV) (Bennett and Willey 2003).
The sorption of technetium on peat was reversible and independent of pH in the range
of 1.6-5.4 in a study by Wolfrum and Bunzl (1986). Sorption was higher in the
conditions of lower oxygen concentration: the distribution coefficient increased in 0.001
M CaCl2 solution from 9.7 ml/g to 41 ml/g when the dissolved oxygen concentration
dropped from 8.4 ppm to 0.5 ppm (Wolfrum and Bunzl 1986). In Bunzl and Schimmack
(1988) and Sheppard et al. (1983) studies the Kds for TcO4- for peat fell in the range of
4.7-28 ml/g.
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Figure 19. The Kd- values of TcO4- on peat as a function of the initial TcO4concentration (Sheppard et al. 1983). Figure was made after the data given in Sheppard
et al. (1983).
In Figure 19 is presented the Kd- values of TcO4-as a function of the initial TcO4concentration. The figure was made after the data given in Sheppard et al. (1983).
When organic soil is irradiated with - rays, the sorptive properties of the soil are
reduced (Bunzl and Schimmack 1988), but when Sphagnum peat samples are in
question, the sorption of TcO4- increases. The Kd increased from 7 ml/g to 20 ml/g as
the radiation dose increased from 40 kGy to 80 kGy. Bunzl and Schimmack (1988)
explained the increased sorption after irradiation as an increased number of reductive
sorption sites and the improvement of the reductive properties of organic matter.

6.4 Sorption on mineral soils
TcO4- is not sorbed in significant amounts on mineral soils and its sorption is mostly or
completely reversible (Bunzl and Schimmack 1988; Denys et al. 2003; Koch-Steindl
and Pröhl 2001; Lieser and Bauscher 1987; Sheppard et al. 1983). The sorption type is
physical adsorption to the sorption sites on the particle surfaces and it is proportional to
the specific surface area of the solid (Lieser and Bauscher 1987). Sorption of TcO4- in
aerobic conditions is very sensitive to the presence of competing anions and its sorption
decreases when the concentration of other anions in the solution increases, as can be
seen from the Figure 20 (Lieser and Bauscher 1987). This is explained as the enhanced
competition of the sorption sites between Cl- and TcO4 (Lieser and Bauscher 1987). The
sorption ratios, Rs( Kd), of TcO4- in aerobic conditions are much lower in low salinity
(a) and high salinity (b) solutions than those of Tc(+IV) in anaerobic conditions at any
given time. Tc(+IV) species are not sensitive to competition from other ions, and in fact,
the degree of formation of Tc(+IV) solids increases as the anion concentration of the
solution increases. In anaerobic conditions, the sorption ratios of Tc(+IV) are greater in
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high salinity solutions compared with low salinity solutions on a time scale of 0-20
days. After 20 days Rs- values are equal in low salinity and high salinity solutions.
Lieser and Bauscher (1987) proposed that the process that determines the sorption rate
of technetium in anaerobic conditions was the formation of sparingly soluble Tc(+IV)
species.
Sorption of technetium can be significant to soil horizons where reducive conditions
prevail, such as in gley soils (Koch-Steindl and Pröhl 2001). In oxic conditions the
sorption of Tc is enhanced in the presence of organic matter (Sheppard et al. 1990).
When organic matter is not present, the sorption of technetium in oxic conditions on
soils mineral constituents is poor.

Figure 20. Typical sorption ratios, Rs, for technetium under aerobic and anaerobic
conditions as a function of time in low salinity (a) and high salinity (b) solution on a
sediment sample (Lieser and Bauscher 1987).
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Technetium is sorbed more efficiently on clayey soils than on sandy soils (Bennett and
Willey 2003) and the bioavailability of technetium is pronounced in sandy soils. For
example, Sheppard et al. (1983) found Kd- values for TcO4- on sand to be in the range of
0.02-0.24 ml/g depending on the initial concentration of technetium in the solution
(3x10-3 – 3x10-10 M) (Figure 21). TcO4- can also exhibit negative distribution coefficient
values (Kaplan 2003). According to Kaplan (2003), TcO4- is being repelled from the
water in proximal contact with negatively charged soil particles into the bulk solution.
As pH increases, the negative surface charge of the soil particles increase, and the zone
of anion exclusion in water surrounding soil particles broadens. This forces the anions
to occupy a smaller volume in the bulk solution and negative Kds are found.
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Figure 21. The Kd- values of TcO4- on sand as a function of the initial TcO4.concentration (Sheppard et al. 1983). Figure was made after the data given in
Sheppard et al. (1983).
The reduced form of technetium, Tc(+IV), is sorbed in considerable amounts on soils,
especially on soils rich with organic matter (Sheppard et al. 1990). In anoxic mineral
soil conditions, the effect of organic material is not as important as the clay content and
the soil pH. Besides the clay content and the pH, also the concentration of extractable
Fe(II) increases the sorption of Tc(+IV) by increasing the reduction rate of TcO4-. The
sorption of Tc(+IV) is not reversible (Lieser and Bauscher 1987).
Yanagisawa et al. (2000) found that over 98 % of the initial TcO4- was immobilized on
Andosol and Gray lowland soil after 4 days of incubation, because of the reductive
conditions caused by the microbial activity of the soils. The chemical forms of Tc were
found to be soluble Tc-organic matter complexes, Tc-iron complexes and pertechnetate
ions (Yanagisawa et al. 2000). From Figure 22, it can be clearly seen the influence of
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the redox potential, and thus the effect of the speciation, on the sorption of technetium
on soil (Lieser and Bauscher 1987). The transition between reduced Tc species Tc(+IV)
(Eh < 200 mV) and oxidized Tc species TcO4- (Eh > 200 mV) is very sharp. Rs- values
of Tc(+IV) are approx. 103 ml/g and of TcO4- approx. 0.5 ml/g.

Figure 22. Sorption ratios, Rs,of Tc as a function of the redox potential at pH 7.0
(Lieser and Bauscher 1987).

6.4.1

Podzols

The downwards migration of fallout technetium in podzols can be presumed to be slow
or non- existing because of the prevailing anoxic conditions due to the thick organic
surface horizon and frequent waterlogging of mineral soil horizons (Bennett and Willey
2003). This leads to the higher retention of technetium in the organic layer and
decreased bioavailability to plants. On the contrary, Schimmack et al. (1993) found that
the downwards migration of technetium in podzol was comparable with the movement
of a non- sorbing water tracer. It has also been proved that the mobile fraction of
technetium in podzol increases as the temperature decreases (Mousny and Myttenaere
1981). At 4 C, only 0.1 mg Tc /kg soil was sorbed on soil regardless of the moisture
content applied (dry or field moisture). When the temperature was increased to 22 C,
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0.1 mg Tc/kg soil was sorbed on dry soil and 0.9 mg Tc/kg soil was sorbed on field
moist soil.
Organic matter and iron sesquioxides inhibit the migration of technetium in podzols
(Mousny and Myttenaere 1981, Tagami and Uchida 1996). The distribution coefficients
for podzol, for a soil with high organic matter content and for a soil with high iron
sesquioxides content were 0.62, 4.14 and 1.33 ml/g (Mousny and Myttenaere 1981).
For a comparison, in the Table 12 are presented Kds for technetium in oxic and anoxic
conditions for soil types of a different kind (Sheppard et al. 1990). The influence of soil
redox conditions and organic matter on the sorption and migration of technetium is
evident.
Table 12. Distribution coefficients for Canadian mineral and organic soils in oxic and
anoxic conditions (Sheppard et al. 1990). pH values of the experiments were not
mentioned.
Kd oxic conditions
(ml/g)

Kd anoxic conditions
(ml/g)

Sand, Brunisol profile Ae

-0.01

1.0

Sand, Brunisol profile Bf/Bfgj

0.01

4.7

Sand, Brunisol profile Bf/Bfgj

-0.01

0.27

Sand, Regosol under boreal forest

-0.05

26

Loam, Chernozem Ap

-0.02

50

Clay, Sedge profile clay mineral
subsoil

-0.01

82

Organic, forested organic 40-60 cm

-0.3

92

Organic, forested organic 40-60 cm

-0.03

130

Organic, forested organic 40-60 cm

-0.03

120

Organic, forested organic 40-60 cm

-0.003

120

Organic, forested organic 10-20 cm

-0.4

40

Organic, forested organic 10-25 cm

0.40

250

Organic, forested organic 35-60 cm

1.2

440

-0.08

37

Soil

Organic, Sphagnum profile B:
mineral subsoil

6.5

Sorption on minerals

Palmer and Meyer (1981) studied the sorption of technetium on several naturally
occurring minerals. They found that sorption is very small in oxic conditions and that
the Kd- values are usually below 5 ml/g. Basalt, chlorite, beryl, hornblende, illite,
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kaolinite, magnetite, molybdenite, monazite, montmorillonite, muscovite, olivine,
triphylite and quartz showed decreasing sorption when the pH of the solution increased.
Other authors have also noticed that the sorption of technetium on biotite, calcite,
granite, goethite, magnetite, montmorillonite and quartz is non-existing (Abdelouas et
al. 2005; Byegård et al. 1992; Ticknor et al. 1996). Unlike on other minerals,
technetium is sorbed on pyrrhotine, Fe1-xS, both in oxic and anoxic conditions (Shen et
al. 2002). The sorption is believed to take place through the reduction of TcO4- to
precitable TcO2*nH2O. The distribution coefficient for Tc in oxic conditions reached
8500 ml/g and in anoxic conditions 6500 ml/g in 30 days. From the sorbed technetium
fraction, over 95 % was desorbed with sulphuric acid in aerobic conditions and 50 % in
anaerobic conditions after the 12- day desorption period.
In Table 13 can be found the Kd- values for Tc on different minerals. The Kd- values are
average values from the studied pH- range. The Kd- values of TcO4- on chlorite,
hornblende, illite, kaolinite, magnetite, montmorillonite, muscovite, olivine and quartz
were found to decrease with increasing pH (data not shown in Palmer and Meyer 1981).

Table 13. The average Kd- values of technetium (TcO4-) on selected minerals in the
studied pH- range from 0.1 M NaCl solution (Palmer and Meyer 1981).
Mineral

Average Kd [ml/g]

pH range

Albite

1.8 ± 1.7

4.81 – 9.25

Apatite

0.8 ± 0.6

5.10 – 9.48

Biotite

3.4 ± 1.7

3.98 – 9.04

Chlorite*

1.2 ± 1.1

4.73 – 8.72

Hematite

5.4 ± 1.2

4.13 – 9.13

Hornblende*

1.3 ± 1.0

7.26 – 9.27

Illite*

4.8 ± 0.3

2.29 – 10.77

Kaolinite*

10.8 ± 5.6

3.37 – 9.16

Magnetite*

0.8 ± 0.8

4.29 – 9.33

Microcline

0.5 ± 0.4

4.82 – 9.77

Montmorillonite*

9.0 ± 6.5

4.11 – 8.43

Muscovite*

4.5 ± 2.8

5.67 – 9.02

Olivine*

1.6± 0.8

6.03 – 9.70

Pyrite

1.6 ± 0.8

3.39 – 9.70

Pyroxine

0.2 ± 0.2

5.64 – 9.83

Quartz*

3.4 ± 3.6

3.91 – 8.65

SiO2 crystalline

0.3 ± 0.5

3.50 – 9.81

* Kd decreases with increasing pH
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The sorption of TcO4- on bentonite is very low or non- existing and the value of
distribution coefficient changes in the range of 0.1-2.75 ml/g (Bunzl and Schimmack
1988; Kohlí ková et al. 1999; Wang et al. 2005). pH has a distinct effect on the
sorption: Kd- values decrease as the pH of the solution increase (Figure 23) (Kohlí ková
et al. 1999). Because of the non-existing sorption on bentonite, the migration velocity of
technetium in compacted bentonite is similar to that of water (Wang et al. 2005). The
changes in the flow rate of water affect greatly the migration rate of Tc in compacted
bentonite, because of the low sorption and similar diffusion behavior of Tc to that of
water (in compacted bentonite) (Wang et al. 2005).
In Table 14 are summarized Kd- values for technetium presented in the text. Kd- values
presented in the preceding Tables are not included. Some values not mentioned in the
text are also given.

Figure 23. The pH dependence of the Kd-value of Tc on bentonite under oxiding
conditions (Kohlíková et al. 1999).
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Table 14. Kd- values for technetium presented in the text and summarized for different
soil types and minerals. Values not given in the text are also included.
Material

species Kd
(ml/g)
TcO4
4

Notes

Notes

Country

Reference

pH 3

the USA

Kaplan 2003

Organic
sediment

TcO4-

1.5

pH 6.8

0.01 M CaCl2
background
solution, 14
days
0.01 M CaCl2
background
solution, 14
days

the USA

Kaplan 2003

Organic
soil
Organic

TcO4-

3.1

Geometric mean

EMRAS 2008

n.m.

3.1

Geometric mean

Vidal et al. 2009

Peat

TcO4-

9.7

8.4 ppm of
dissolved O2

Peat

TcO4-

41

0.5 ppm of
dissolved O2

Peat

TcO4-

8.5

8.4 ppm of
dissolved O2

Peat

TcO4-

41.0

8.4 ppm of
dissolved O2

Peat

TcO4-

10.9

4.6 ppm of
dissolved O2

Peat

TcO4-

21.0

4.6 ppm of
dissolved O2

Peat

TcO4-

17.7

0.5 ppm of
dissolved O2

Peat

TcO4-

9.7

0.5 ppm of
dissolved O2

Peat

TcO4-

5

Peat

TcO4-

7

Peat

TcO4-

20

Soil
(clay)
Soil
(sand)

Initial
TcO4Initial
TcO4-

712

[TcO4-] initial
2x 10-11 mol/l
[TcO4-] initial
2x 10-11 mol/l
[TcO4-] initial
2x 10-11 mol/l
Eq pH 7.9, Eh 10 mV, 28 days
Eq pH 8.2, Eh 75 mV, 28 days

Organic
sediment

500

0.01 M CaCl2
background
electrolyte
0.01 M CaCl2
background
electrolyte
0.1 M CaCl2
background
electrolyte
0.01 M CaCl2
background
electrolyte
0.1 M CaCl2
background
electrolyte
0.01 M CaCl2
background
electrolyte
0.1 M CaCl2
background
electrolyte
0.01 M CaCl2
background
electrolyte
Unirradiated

Germany

Wolfrum and
Bunzl 1986

Germany

Wolfrum and
Bunzl 1986

Germany

Wolfrum and
Bunzl 1986

Germany

Wolfrum and
Bunzl 1986

Germany

Wolfrum and
Bunzl 1986

Germany

Wolfrum and
Bunzl 1986

Germany

Wolfrum and
Bunzl 1986

Germany

Wolfrum and
Bunzl 1986

Germany

Bunzl and
Schimmack 1988
Bunzl and
Schimmack 1988
Bunzl and
Schimmack 1988
Abdelouas et al.
2002
Abdelouas et al.
2002

Irradiated 40
kGy
Irradiated 80
kGy
Soil and bacteria

Germany

Soil and bacteria

Germany

Germany
Czech
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Table 14 continued.
Material

species

Kd
(ml/g)
0.09
0.09
0.07
0.07
19

Notes

Clay
Clay soil
Loam
Loam soil
Soil
(sand)

n.m.
TcO4n.m.
TcO4Initial
TcO4-

Sand
Soil
(sand)

n.m.
Initial
TcO4-

0.04
61

Soil
(sand)

TcO4-

0.15

Sand soil

TcO4-

0.04

Soil

TcO4-

4.16

Soil

TcO4-

1.33

Podzol

TcO4-

0.62

Germany

Bentonite

TcO4-

0.2

Germany

Bentonite
Biotite

TcO4TcO4-

2
-0.5

Goethite

TcO4-

-0.2

Magnetite

TcO4-

343

Magnetite

TcO4-

0.2

Montmori
llonite
Pyrrhotine
Pyrrhotine

TcO4-

-0.9

TcO4TcO4-

Geometric mean
Geometric mean
Geometric mean
Geometric mean
Eq pH 9.4, Eh 190 mV, 28
days
Geometric mean
Eq pH 11.4, Eh
-225 mV, 28
days
Eq pH 8.1, Eh
+330 mV, 28
days
Geometric mean

Notes

Country

Soil, groundwater and 3
mM of S2-

Germany

Soil, deionized
water and 3
mM of S2Autoclaved
soil sample

Germany

Czech

Reference
Vidal et al. 2009
EMRAS 2008
Vidal et al. 2009
EMRAS 2008
Abdelouas et al.
2002
Vidal et al. 2009
Abdelouas et al.
2002
Abdelouas et al.
2002
EMRAS 2008

High organic
matter content
(23%)
High Fe2O3
content (1.35%)

anoxic
conditions
Oxic conditions

Equilibrium
time 21 hours
Equilibrium
time 21 hours

8500

Eq 30 days

6500

Eq 30 days

Aerobic
conditions
Anaerobic
conditions

Netherlands

Mousny and
Myttenaere 1981

France

Mousny and
Myttenaere 1981
Mousny and
Myttenaere 1981
Bunzl and
Schimmack 1988
Wang et al. 2005
Ticknor et al.
1996
Ticknor et al.
1996
Byegård et al.
1992
Byegård et al.
1992
Ticknor et al.
1996
Shen et al. 2002
Shen et al. 2002
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7

CESIUM

Cesium has one stable isotope, Cs-133, which is the rarest among alkali metals, but over
20 radioactive isotopes. Cs-133 is present in the environment in varying amounts among
soils and rocks (Avery 1996). Soils contain stable Cs approximately 0.3 – 25 μg/g of
soil. Among the radioactive isotopes of cesium there are three important isotopes: Cs134, Cs-135 and Cs-137. Cs-134 is an activation product, while Cs-135 and Cs-137 are
fission products. 137Cs is the major fission product in the spent nuclear fuel for the first
300 years after the final disposal due to its high fission yield in the fission of U-235 (6.3
%) and relatively long half- life of 30 years. The importance of Cs-135 arises from its
high fission yield in the fission of U-235 (6.5 %) and long physical half- live of 2.3x 106
years.
The retaining of cesium on soil occurs through many different mechanisms, e.g.
sorption and ion exchange, and bonding to iron oxides and organic matter (Kamel and
Navratil 2002). The migration rate of cesium in soils is very low due to the efficient
retaining on clay minerals (Bürmann et al. 1994; Kónya et al. 2005; Zygmunt et al.
1998). Other factors affecting the migration and retention of cesium in soil are soil
texture, pH, mineralogy, organic matter content and exchangeable ions (Cha et al. 2006;
Sheppard and Thibault 1990; Zygmunt et al. 1998).

7.1 The influence of soil redox potential and pH
Speciation of cesium is not dependent of the redox potential of the soil (Lee et al. 2006;
Lieser and Steinkopff 1989; Torstenfelt et al. 1982). Cesium does not hydrolyze and Cs+
cation is the dominant species in soil and soil water in pH values found in soils
(Torstenfelt et al. 1982). Figure 24 presents the Eh- pH diagram of cesium.
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Figure 24. The Eh-pH diagram of cesium (Takeno 2005). Cs = 10-10, 298.15 K and
105 Pa.
Redox potential can affect the retention and remobilization of cesium indirectly through
reactions, which lead to the anoxic conditions and release of ammonium ions (NH4+)
and other ions in solution (Comans et al. 1989). As the NH4+ concentration in pore
water increases, it leads to enhanced cation exchange between Cs+ in the solid particles
and NH4+ in the solution, thus increasing the remobilization of cesium (Comans et al.
1989). The effect of NH4+ is marked on low Cs+ (1x10-8 M) concentrations (Dyer and
Cho 1999). Microbial activity can also affect the redox potential of sediments by
degrading organic material and release NH4+ and Cs+ ions in solution (Kaminski et al.
1994). In Kaminski et al (1994) study the concentration of NH4+ and Cs+ in filtered pore
water increased with depth: in depth 0-10 cm the NH4+ concentration was 4.8 mg/l and
in 20-30 cm 13.6 mg/l. The Cs+ concentration increased from 570 Bq/m3 in 0-10 cm to
670 Bq/m3 in 20-30 cm. The Cs+ concentration in the pore water was 6-7 times greater
than in the overlying water. In a study by Comans et al. (1989), approximately 6 % of
the sorbed Cs+ was released from sediment to the solution as the NH4+ concentration
reached 1 mM. The initial Cs+ concentration was not mentioned.
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K+ can efficiently compete with Cs+ of sorption sites due to their chemical similarity
(Avery 1996). The competition between Cs+ and NH4+ is stronger, because the behavior
of NH4+ in soil is more close to that of Cs+, than the behavior of K+ (Avery 1996;
Comans et al. 1989; Konopleva et al. 2009; Rajec and Shaw 1994; Rigol et al. 2002;
Shenbar and Eriksson 1993). K+ is the main competitor to Cs+ in soils and NH4+ in
anoxic sediments (Cremers et al. 1988; Comans et al. 1989). In organic soil layers the
NH4+ concentrations are usually elevated, whereas K+ can be depleted by the uptake by
plants (Konopleva et al. 2009). The respective selectivity coefficients for Cs+- K+ and
Cs+- NH4+ exchange on illite are KCs/K 1000 and KCs/NH4 200 (Comans et al. 1998).
The selectivity coefficient KCs/K (1) and KCs/NH4 (2) were calculated for the reactions:
K+solid + Cs+liquid  Cs+solid + K+liquid

(1)

NH4+solid + Cs+liquid  Cs+solid + NH4+liquid

(2)

Selectivity constant is calculated as in Equation 3 for reaction 1 above:


K Cs  / K 

Cs K 

>K @Cs




[3]

ªCs  º and ª K  º =
»¼
«¬
«¬ »¼
+
+
+
+
concentrations of Cs and K in the solid phase, Cs and K = concentrations of Cs+
and K+ in the liquid phase.

Equation 3. Calculation of selectivity constant KCs+/K+.

pH affects the sorption of Cs+ on minerals and soils (Baeza et al. 1995; Fujikawa and
Fukui 1997; Giannakopoulou et al. 2007; Torstenfelt et al. 1982). Since pH does not
have an effect on the speciation of cesium, differences in the sorption behavior of
cesium in different pHs are due to changes in the surface properties of the minerals in
question (Torstenfelt et al. 1982). pH- dependent surface charge arises from broken
bonds and exposed surface hydroxyl groups (Kim et al. 1996). Sorption on minerals and
soils increases when pH increases due to the more negative surface charge, but sorption
on soils is not solely dependent on the pH (Avery 1996; Baeza et al. 1995; Fujikawa and
Fukui 1997; Giannakopoulou et al. 2007; Kamel and Navratil 2002; Torstenfelt et al.
1982). Other factors affecting the sorption of Cs+ include:
x

Decreasing particle size, when the surface/volume ratio increases (Baeza et al.
1995; Giannakopoulou et al. 2007; Torstenfelt et al. 1982)

x

The composition of the solution: in lower ionic strength there is lesser
competition between cations (Hurel et al. 2002; Kamel and Navratil 2002;
Torstenfelt et al. 1982). The effect of anions takes place through the formation
of surface complexes, for example –MSO4Cs (Fujikawa and Fukui 1997)

x

Composition of the solid phase, for example increasing the content of iron
oxides and clay minerals (Kamel and Navratil 2002)
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In low pH, H+ ions are capable of removing sorbed Cs+ ions from soils’ sorption sites
and may also cause the dissolution of clay minerals, thus destructing sorption sites on
soil surfaces (Giannakopoulou et al. 2007; Hurel et al. 2002). In Figure 25 is presented
the mobilized fraction of a bentonite sample as a function of pH.

Figure 25. Cs concentration mobilized from a bentonite sample as a function of pH
(Hurel et al. 2002). The experiment was done by saturating a 0.2 g sample of bentonite
with solution containing 4.0x10-5 mol/l Cs+. Cs+ was solubilized from bentonite by
solution with ionic strength of 0.05 M (set with KNO3) and by adjusting the solution pH
to desired value. Equilibrium time was 15 days. The total fraction of Cs+ released to the
solution was approx. 5 % of the initial loading.

7.2 The influence of micro-organisms
The retention of cesium is stronger in biotic environments than in abiotic ones
(Tamponnet et al. 2008). In surface soils, the concentrations of organic nutrients and
soil pH have a great effect on the retention of cesium on soil micro-organisms (Avery
1996; Kakiuchi et al. 2002). The presence of micro-organisms may increase the
retention of cesium by increasing the surface area of organic matter and thus induce
more sorption sites, or by removing competing cations from the solution (Tamponnet et
al. 2008). The bioaccumulation of Cs+ in micro-organisms is through active K+ transport
systems (Avery 1996). Reactions performed by micro-organisms which lead to the
removal of cesium from solution include biosorption, bioaccumulation and chemical
precipitation (Kakiuchi et al. 2002). Biosorption is the sorption of radionuclides onto the
ion exchange places situated on the cell walls of inactive, dead micro-organisms.
Bioaccumulation is the active uptake of radionuclides by living micro-organisms. In a
study by Kakiuchi et al. (2002) micro-organisms accumulated as much as 50 % of the
initial 10 ppm of inactive Cs+ from solution. Nearly half of the accumulated cesium was
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leached from micro-organisms with distilled water (water soluble fraction) and 1M
CH3COONH4 (exchangeable fraction).
In soil profile Cs+ arising from atmospheric fallout is distributed evenly in the
uppermost 10 cm of organic-rich forest layer (Nikolova et al. 2000). The cesium
concentration in the soil-root interface horizon is 3 times greater than in bulk soil, and is
associated with the living materials of forest soil, such as small roots, mycorrhizae and
mycelium. In Nordic forest soil approximately 18 % of cesium is associated with
biological materials.
Micro-organisms contribute to the retention of cesium in highly organic soils (Parekh et
al. 2008; Sanchez et al. 2000). Sanchez et al. (2000) confirmed the role of microorganisms by comparing the sorption of 134Cs+ on nonsterilized and sterilized peat
samples. They found that the retention of Cs+ was approx. 30 % higher in the
nonsterilized soil (approx. 90 %) compared with sterilized soil (approx. 60 %). The soil
samples were then extracted with 1 M NH4Cl to determine the fraction of exchangeable
Cs+. In nonsterilized soil, the retention was 75 % when the respective percentage for
sterilized soil was 1 %.
In Parekh et al. (2008) study 70 % (350 Bq) of the initial Cs+ was irreversibly bound in
biotic soil samples (micro-organism present) when only 10 % (70 Bq) was irreversibly
bound in abiotic soil samples (micro-organism not present). In Figure 26 are presented
the percentages of Cs+ extracted from biotic and abiotic soil samples with three different
extractant.

Figure 26. Percentages of Cs-137 desorbed from abiotic and biotic matrix (Parekh et
al. 2008). Extract reagents used were (1) water, (2) 0.015M CaCl2 and (3) 0.015 M
CaCl2+0.001M CsCl.
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Bunzl and Schimmack (1988) showed that the -irradiation of mineral soil samples
reduced the distribution coefficients of cesium from approx. 104 to 103 ml/g, but the Kdvalue for Cs+ in peat samples increased a little (from 10 to 20 ml/g). Bunzl and
Schimmack (1988) did not address the change in the Kd of Cs+ on mineral soil samples
entirely to the activity of micro-organisms. They explained that irradiation induced the
dissolving of organic matter from the surfaces of soil particles and diffusion of small
humic substances into clay minerals reducing the number of sorption sites available for
Cs+ sorption (Bunzl and Schimmack 1988).

7.3 Sorption on organic matter and organic soils
Organic matter can act as a sorbent for cesium in soils, but even small amounts of clay
minerals present in soils is enough to exceed the sorption capacity of organic matter
(Absalom et al. 1995; Baeza et al. 1995; Bunzl and Schimmack 1988; Cremers et al.
1988; Kruyts and Delvaux 2002; Li et al. 2004; Rigol et al. 1998; Rigol et al. 2002;
Shand et al. 1994; Staunton and Levacic 1999; Staunton et al. 2002). The adsorption of
cesium on organic matter is non-specific on non- selective sorption sites, and depends
on the cation exchange capacity of organic matter and the concentration of cesium
compared with other cations (competition between sorption sites) (Dumat et al. 1997;
Rigol et al. 2002; Staunton and Levacic 1999).
Organic material is not selective towards cesium (Dumat et al. 1997; Rigol et al. 2002)
and the sorption mechanism is ion exchange (Bondar and Zabrodskii 2001). A greater
fraction of Cs+ is sorbed in mineral soils than in organic soils (Bondar and Zabrodskii
2001; Dyer and Cho 1999; Rigol et al. 1998), because organic matter inhibits the
sorption of cesium on clays by blocking the access to specific sorption sites and by
forming clay-organic matter complexes (Campbell and Davies 1995; Rigol et al. 2002).
The organic humus horizon is the main source of radioactive Cs+ for plants in soils
(Dumat et al. 1997; Konopleva et al. 2009; Shand et al. 1994). The sorption of cesium
on organic horizons was little higher in the temperature of 3 C than in 20 C in a study
by Bunzl and Schimmack (1991). They studied the sorption of Cs+ on LOf1, Of2 and
Oh horizons of a Parabrown earth (Orthic acrisol) under Norway spruce forest in 3 C
and 20 C. The Kd- values for Cs+ were 500 and 400 ml/g on LOf1, 100 and 150 ml/g
on Of2 and 2000 and 500 ml/g on Oh in 3 C and 20 C.
Cesium is associated with humic acids and humin in a non-specific manner and the
sorption is partly or completely reversible (Helal et al. 1998; Hsu and Chang 1994; Hsu
and Chang 1995; Nakamaru et al. 2007; Lofts et al. 2002; Rigol et al. 2002). The
sorption of cesium on humic acids and humin increases with increasing pH (Dunigan
and Francis 1972; Helal et al. 1998) and has a value of 46 ml/g at pH 3 (Chang et al.
1993). Hsu and Chang (1994, 1995) studied the sorption of Cs+ on humic acid. They
found that the Kd– values of Cs+ were in the range of 60 ml/g and 377 ml/g. The
desorption of cesium from humic acids increases when the valence of the competing
cation decreases, i.e. M3+<M2+<M+ (Dunigan and Francis 1972). The maximum
sorption capacity of humin for cesium was 0.173 mg Cs+/g (Helal et al. 1998). A major
fraction (on average 45 % i.e. 72 Bq) of this non- sorbed Cs+ is sorbed on dissolved
humic acids (Nakamaru et al. 2007).
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In a study of a spruce forest soil, the most of cesium from atmospheric fallout was
found to be in the two uppermost organic horizons (top 10 cm), namely litter and
organic horizon (Bürmann et al. 1994; Konopleva et al. 2009). It is postulated that
cesium ions are trapped in organic matter at the ground surface and migrate to deeper as
the organic matter degredates, and becomes bound to clays in the mineral horizons
(Bürmann et al. 1994; Konopleva et al. 2009).
Lehto et al. (2006) found that on average over 50 % of fallout Cs+ -137 was found in the
organic layer in depth of 5 cm. Approx. 18 % of the Cs+ -137 was found in the litter,
probably indicating that some fraction of cesium circulates between litter and the
organic layer through the nutrient uptake of plants and decomposing of organic
material. In Figure 27 is presented the average activity distribution of Cs-137 among
different soil layers from six soil profiles taken from Finnish Lapland. Also the activity
distribution of Pu-239,240 and Am-241 are included.

Figure 27. The average activity distribution of Cs-137 among different soil layers from
6 soil profiles taken from Finnish Lapland (Lehto et al. 2006). The percentages
mentioned are standard deviations. Karike = litter, Orgaaninen = organic layer, E =
weathered mineral soil layer (eluvial layer), B1 and B2 = upper (1) and lower (2)
enrichment layer (illuvial layer).
The organic humus layer in spruce forests accumulates more efficiently Cs+ in the soil
solution than the humus layer of mixed forests (Figure 28) (Konopleva et al. 2009) and
thus the downward migration of cesium in spruce forests is slower than in mixed forests
(Bürmann et al. 1994; Konopleva et al. 2009). Konopleva et al. (2009) found that NH4+
concentrations were higher in the organic layer of spruce forest soils (0.6-1.1 mol/kg)
than in mixed forest soils (0.2 mol/kg). NH4+ is known to mobilize Cs+ efficiently
(Avery 1996; Bürmann et al. 1994; Comans et al. 1989; Konopleva et al. 2009; Rajec
and Shaw 1994; Rigol et al. 2002; Shenbar and Eriksson 1993). The elevated
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concentrations of NH4+ induced the desorption of Cs+ from sorption sites on organic
matter, and lead to the elevated concentrations of Cs+ in the soil solution of spruce
forests. In soil solution Cs+ was more bioavailable and it circulated between plants and
the humus layer: plants uptook Cs+ from soil solution and after the decomposition of the
plants Cs+ was released back to soil in the humus layer. Also, the thick organic layer
and the acidity of these layer s (pH 2.8-3.4) inhibited the sorption of Cs+ on clay
minerals in spruce forests, thus accumulating Cs+ in the humus horizon (Konopleva et
al. 2009). In mixed forest soils Cs+ remained trapped on organic matter and migrated to
deeper, where it was sorbed on clay minerals in the up most mineral soil layer.
Konopleva et al. (2009) noticed that the root zone of plants in spruce forests were
situated mainly in the humus layer and in mixed forests in the up most mineral soil layer
(Ah). In spruce forests approx. 50 % of Cs+ situated in the root zone when the respective
value for mixed forest was 30 %.

Figure 28. The depth distribution of the Cs-137 concentration in soil of a spruce forest
(Konopleva et al. 2009). L= litter, Of = undecomposed organic layer, Oh= decomposed
organic layer, Ah = mineral soil layer enriched with organic matter, B = enrichment
layer.
Bunzl and Schimmack (1991) studied the kinetics of cesium sorption on three organic
soil horizons. The horizons were the uppermost layers from a podzolic Parabrown soil
(Orthcic acrisol) under a Norway spruce forest, namely LOf1, (litter and upper,
undecomposed part of the organic layer), 0-2.5 cm from the top, Of2 (lower,
undecomposed part of the organic layer), 2.5-5 cm from the top and Oh (decomposed
part of the organic layer), 5-7 cm from the top. It was found that Cs+ is retained in low
amounts on all three horizons. Kds were in the range of 400-2000 ml/g, the lowest value
was for Of2- horizon (~400 ml/g) and the highest for Oh- horizon (~2000 ml/g). It was
concluded that Oh- horizon contained some clay minerals which led to the pronounced
sorption of cesium on this horizon. The sorption of cesium was in some degree
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dependent of the temperature: the sorption was greater for horizons LOf1 and Oh at 3 C
than in 20 C. The migration rate of cesium in soil increased with soil depth: the
migration rates for litter, O-, A- and B- horizons were 1.6, 0.8, 1.1 and 0.7 cm/y,
respectively (Bürmann et al. 1994).

7.4 Sorption on mineral soils
The sorption of cesium on mineral soils is larger than on organic soils and peat (Dyer
and Cho 1999). The sorption of cesium on soils is usually high and the migration of
cesium is slow (Francis and Brinkley 1976; Hakem et al. 2000). The most important
factors governing the sorption of cesium are the clay mineral content, the nature of clay
minerals (expanding or non-expanding, CEC) and the amount of clay sized fraction
(Absalom et al. 1995; Cremers et al. 1988; Giannakopoulou et al. 2007; Shenbar and
Eriksson 1993). Clay minerals have high sorption capacity due to their small particle
size, large surface area and chemically active surface sites (Kim et al. 1996). Cs+ is
associated with iron and aluminum sesquioxides or carbonates in soils (Elejalde et al.
2000, Kamel and Navratil 2002, Lujanien et al. 2006). In Kamel and Navratil (2002)
study, for example, 19-25 % of Cs+ was in the Fe- oxide fraction and 13-17 % in the
carbonate fraction of the studied soil samples. Cesium is usually sorbed by ion exchange
or chemical sorption (Comans et al. 1998; Hakem et al. 2000; Hsu and Chang 1995).
Cs+ -134,135,137 can be desorbed by isotopic exchange or cation exchange (Hsu and
Chang 1995). Hsu and Chang (1995) found that approx. 33 % of the sorbed Cs+ -137
was desorbed from soil in deionized water and 88 % in 0.25 M CsNO3 solution.
The retention of cesium on soil particles increases as the particle size decreases, i.e.
small, the clay sized particle fraction retains cesium better than larger, the sand sized
fraction (Baeza et al. 1995; Giannakopoulou et al. 2007; Hsu and Chang 1995; Kamel
and Navratil 2002; Li et al. 2004; Zygmunt et al. 1998). This is because most of the
sorption sites are situated on the particle surfaces and as the ratio of surface area to
volume increases, so does the adsorption capacity of the particle too (Baeza et al. 1995).
The Cs-137 content decreased in the particle size order of clay (<2 μm) ~ very fine silt
(2-5μm) > fine silt (5- 10 μm) > coarse silt (10-50 μm) (Li et al. 2004). Information
concerning the mineralogy of the grain size samples was not given.
The sorption of cesium increases as the concentration of organic matter in mineral soil
decreases, since organic matter can bind on the clays planar sites and thus lower the
sorption capacity of clays (Dumat et al. 1997). The greatest part of the sorption capacity
of soils is derived from the planar sites on particles’ surfaces.
When radioactive cesium isotopes are in question, the amounts are usually at trace level
and therefore isotopic exchange between the stable isotope in soil particles and
radioactive isotope in the solutions has to be considered (Avery 1996, Beneš 1994,
Comans et al. 1991; Cornell 1991; Gillham et al. 1980; Lujanien et al. 2006). High
natural cesium content will lead to a low Kd for radioisotope (Gillham et al. 1980;
Lujanien et al. 2006; Shenbar and Eriksson 1993). The main reason behind this is on
the partitioning of radiocesium reversibly (RES, regular sorption sites) and irreversibly
(FES, frayed edge sites) bound sorption sites (Lujanien et al. 2006). In a study by
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Lujanien et al. (2006) the fraction of the irreversible sorption of Cs-137 decreased from
70 % to 10 % as the initial concentration of Cs+ increased from 2.3x10-10 mol/l to
6.8x10-5 mol/l. The exchangeable fractions were 10 % and 70 % for the Cs+
concentrations of 2.3x10-10 mol/l to 6.8x10-5 mol/l. This indicates that as the irreversible
FES- sites are saturated with inactive Cs+, radioactive Cs+ can only be sorbed on
reversible RES- sites (Lujanien et al. 2006). Regular sorption sites (RES) are the planar
sorption sites or situated in the interlayers of the micaceous clays and are termed as ion
exchange sites (Kamei-Ishikawa et al. 2008). Frayed edge sites (FES) are situated in the
interlayers or edges of the clays and have high affinity for Cs+.
The sorption of cesium is inhibited from high salinity solutions due to the enhanced
competition of other dissolved cations (Fujikawa and Fukui 1997, Hsu et al. 2002,
Kamel and Navratil 2002, Lee et al. 2008 Lieser and Steinkopff 1989, Yllera de Llano
1998). In soils and geological formations the concentration of competing cations is
always greater than the concentration of radioactive Cs+ ions (Kónya et al. 2005). The
ability of dissolved cations to inhibit the sorption of cesium on soil decreases in the
order Cs+>NH4+>K+>Na+>Ca2+>Mg2+ (Kamel and Navratil 2002, Shenbar and Eriksson
1993). The effect of competing cation is more marked on the soils with low clay content
(Shenbar and Eriksson 1993). In Table 15 is presented Kds for Cs+ for soils with
different clay mineral content, without competing cation and in the presence of stable
cesium, ammonium and potassium as competing cation.
Table 15. The effect of clay mineral content on Kd of cesium on sand, loamy sand, clay
loam and clay with no competive cation and in the presence of stable Cs+, NH4+ and K+
as competing cation (Shenbar and Eriksson 1993). The initial activity of the Cs+-134
tracer was 5 kBq.

Soil type

Kd (ml/g)

Kd (ml/g)
0.030 meq
Cs+/l

Kd (ml/g)
0.153 meq
Cs+/l

Kd (ml/g)
0.767 meq
Cs+/l

Kd (ml/g)
100 meq
NH4+/l

Kd (ml/g)
100 meq
K+/l

Sand

1961

96

45

19

15

94

Loamy sand

3512

24

7

4

10

36

Clay loam

4081

14

99

Clay

6189

39

125

58
1274

18
338

7
103

The sorption of cesium on soils and minerals can be divided into three different phases,
which all have their own time limits (Bondar and Zabrodskii 2001). The first phase is
the fast cation exchange of cesium to the cation exchange sites situated on the particles’
surfaces. In the second, relatively slow phase Cs+ ions are redistributed from the nonselective cation binding sites to highly selective sorption sites. In the third phase cesium
ions diffuse from the highly selective sorption sites into the interlayers of clay minerals.
The approximated time limits for these phases are several minutes for the first, several
days for the second and several months for the third.
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Topsoils usually show lower sorption of cesium compared with their subsoils, but the
soil type has more influence on the sorption behavior than soil depth, when the pH is
approximately the same in all the studied soil systems (Campbell and Davies 1995;
Mollah and Ullah 1998). However, Cs+ is sorbed more efficiently by the topsoil clay
minerals compared with the subsoil clays after the removal of organic matter (Dumat et
al. 1997). This is probably because of the intensive biological and chemical weathering
of the topsoil minerals and the formation of frayed edge sites (FES). The majority of
Cs+ bound on topsoil, 40-93 %, is fixed irreversibly (Elejalde et al. 2000). For example,
soil samples taken from the depths of 0-60 cm, 60-200 cm and 200-300 cm, dominated
by silt and clay, had an average Kds of 1417 (1298-1515), 1754 (1578-2008) and 1676
ml/g (1278-2156) indicating no systematic correlation with Kd and soil depth (Mollah
and Ullah 1998). The retardation factor, Rf, for the same depths were respectively 1948
(1709-2186), 2309 (1924-3072) and 2088 (1323-2610). The definition of the retardation
factor is given in Equation 4.

R f ( x)

1

U
K d ( x)
T

[4]

Equation 4. The definition of retardation factor Rf for element x. = the bulk density of
the material, = the porosity of the material and Kd= distribution coefficient for
element x (Chrysikopoulos et al. 1990).
Sandy soils are capable of retaining cesium in small amounts (Kd 15-81 ml/g) (Chang et
al. 1993; Gillham et al. 1980; Hsu and Chang 1994). The sorption was reversible (Hsu
and Chang 1994; Ohnuki 1994). Higher Kds, in the range of 3000- 4800 ml/g, can be
found for soil with increasing clay mineral content and decreasing K+ content in solid
(Hakem et al. 2000; Legoux et al. 1992). The sorption of cesium on sandy soil depends
on pH and increases with increasing pH (Hsu and Chang 1995). Kamei-Ishikawa et al.
(2008) found Kds for cesium on Japanese paddy soils to range between 270 and 16 640
ml/g (GM 2260 ml/g) and for upland soils from 360 to 35 730 ml/g (GM 3900 ml/g).
The average pH, CEC and clay mineral content for paddy soils were 5.7, 13 meq/100 g
and 26.3 %. The respective values for upland soils were 6.2, 14 meq/100g and 21.3 %.
Nikula and Pinnioja (1981) studied the sorption of cesium on till samples taken from
Olkiluoto Island soil. The samples were silty sandy till, gravelly sandy till and sandy
gravelly till. The sample depths were 1.7, 1.7 and 2.0 m. pH values of the till samples
was approx. 7.6. The CEC of the tills ranged from 2.1 (silty sandy till) to 3.2 (gravelly
sandy till) meq/100 g. In Table 16 are presented the Kd- values and retardation factors
from Nikula and Pinnioja (1981) study. The desorption Kd is determined by saturating
the solid with a solution containing the desired substance and be measuring the fraction
desorbed from the solid. Kd,des= Csolid/Cliquid.
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Table 16. Kd- values and retardation factors for Cs+ on Olkiluoto Island till samples
(Nikula and Pinnioja 1981).
Till sample
silty sandy till

Sorption
(ml/g)
1500±20

Kd Desorption
(ml/g)
1100±70

gravelly sandy till

3000±50

3200±1200

sandy gravelly till

1200±300

1000±400

7.4.1

Kd Retardation
factor
6300
4300
12 000
13 000
4900
4100

Podzols

The sorption of cesium on podzols has been studied intensively. In podzol Cs+ is sorbed
by illite clay minerals and the role of organic matter is minor (Cremers et al. 1988).
Podzol topsoil (0-15 cm) sorbs more cesium than subsoil (15-30 cm), 57.7 and 20.5
mg/kg respectively (Campbell and Davies 1995). Adsorption and desorption energies
for podzol are 53.91 and -0.21 J/kg, and the very small negative desorption energy
indicates the irreversible bonding of cesium (fixation) (Chibowski et al. 1999). The
vertical migration rate of Cs+ ranged between 0.18-0.60 cm/y in podzol soil. The
sorption capacity of leached soils towards cesium is diminished, probably because of
the low pH usually encountered with these soil types (Campbell and Davies 1995). The
sorption and retention of cesium is different in dissimilar podzol soils due to differences
in the clay mineral content, CEC and in the amount of organic matter (Absalom et al.
1995; Valcke and Cremers 1994).
Lehto et al. (2006) studied the activity distribution of Cs+ in podzol soil profiles taken
from Finnish Lapland. Lehto et al. (2006) found that approximately 10 % of fallout
137
Cs+ was found in each of the mineral soil horizons E, B1 and B2, when over 50 %
was in the humus horizon (Figure 26).
Absalom et al. (1995) found Kds for two British brown podzol soils to range from 31 to
3162 ml/g. Soil with low Kd- values contained 3 % of mica, and soil with high Kdvalues contained 10 % of clay. Background solution was 0.005 M CaCl2. Equilibrium
time ranged from 0 to 700 days, but Kd- values on both soils did not change after 200
days.
Beneš et al. (1994) determined Kds for cesium in Czech sod-podzolic soil in soil
leachate (simulated soil water), distilled H2O and 0.001 M CsCl solution to be 25 820,
24 100 and 219 ml/g. The much lower Kd found in 0.001 M CsCl solution was due to
the competition of sorption sites between the tracer (Cs-137) and stable Cs (Beneš et al.
1994).
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Chibowski et al. (1999) detected the adsorption Kd for Polish podzol to be 277 ml/g and
the desorption Kd 495 ml/g. Higher desorption Kd compared with adsorption Kd
indicates partly irreversible sorption.
Cremers et al. (1988) discovered Kd for Cs+ on podzol to be 34 ml/g when FES- sites
were blocked with 0.015 M AgTU (silver thiourea). Podzol contained 4 % organic
matter. Cremers et al. (1988) calculated the FES concentration in podzol to be 0.03
meq/kg soil, accounting for 0.01 % of the CEC of the soil. The influence of organic
matter on the sorption of Cs+ on podzol was proved to be minimal. The origin of the soil
samples was not mentioned in the reference.
Valcke and Cremers (1994) found Kds for Cs+ in the organic and enrichment horizons of
Scottish peaty podzol to be 8750 and 24 500 ml/g. Bondar and Zabrodskii (2001)
observed Kds for cesium in Belarussian soddy-podzolic-loamy soil to be 210 ml/g and
1500 ml/g, as the initial Cs+ concentration was 10-4 M or at trace levels.
Radiocesium transfer factors from soil to plant, TFs, are the greatest for organic and
mineral horizons in podzols or podzolic soils (soils with podzolic properties), compared
with other soil types and undeveloped soils, even though the TFs for organic layers are
always greater than for mineral layers (Kryuts and Devaux 2002). Greater TFs for the
organic horizon are due to the reduced amount of FES and the inhibition of these sites
by organic substances. Transfer factor TF is calculated as in Equation 5:
TF ( g / g )

>Cs @plant ( Bq / g )
>Cs @soil ( Bq / g )

[5]

Equation 5. The definition of transfer factor. [Cs]= the concentration of Cs (Bq/ g of
dry weight) (Kryuts and Devaux 2002).

7.5 Sorption on minerals
Tectosilicates (e. g. quartz, cristobalite, kalifeldspar, plagioclase) sorb cesium only on
outer surfaces and the dominant sorption mechanism is physical cation sorption on the
active, deprotonated surface sites (Chibowski et al. 1999; Cornell 1993; Kónya et al.
2005; Lieser et al. 1986a). The sorption equilibrium is established quite fast for
tectosilicates (Lieser et al. 1986a).
The sorption of cesium on quartz is proportional to the specific surface area and to the
number of Si-OH exchange sites per unit surface area (Lieser et al. 1986a; Lieser and
Steinkopff 1989). The sorption of cesium on quartz and feldspar is low and the
distribution coefficient is usually lower than 1 ml/g (Cha et al. 2006; Cornell 1993;
Hakem et al. 2002; Lieser and Steinkopff 1989; Ohnuki 1994), but Kd of 58 ml/g have
been found on quartz (Cornell 1993).
Cesium is mainly sorbed by clay minerals and phyllosilicates (Lieser et al. 1986a;
Lieser et al. 1986b) and illite, vermiculite, biotite, muscovite, chlorite and kaolinite are
shown to be important sorbents for cesium (Cha et al. 2006; Francis and Brinkley 1976;
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Hsu et al. 2002; Kamei-Ishikawa et al. 2008; Kónya et al. 2005; Zachara et al. 2002).
Sorption sites of clays may situate on the outer surfaces and in the interlayers when
present (Lieser et al. 1986a; Lieser and Steinkopff 1989). Other ion exchange sites are
broken bonds at the crystal edges and OH- groups on the surfaces of oxide minerals
(Cornell 1993).
The most energetically favored sorption sites will be occupied first and after that less
energetically favored sorption sites (Lieser and Steinkopff 1989, Yllera de Llano 1998).
When Cs+ is sorbed in the interlayer spaces of clays, the sorption is specific (Cornell
1993), meaning that Cs+ is taken from the solution preferentially and hold up strongly.
The main reason for specific sorption is the low hydration energy of cesium. Sorption
equilibrium is established quite slowly. The bonding strength of cations on clays usually
decreases in the order Cs+>Rb+>K+>Na+>Ra2+>Ba2+>Sr2+>Ca2+>Mg2+ (Lieser and
Steinkopff 1989, Staunton and Levacic 1999).
Clays carry permanent negative charge arising from lattice imperfections and from the
isomorphic substitution of Si4+ and Al3+ ions with the cations of lower valence (Cornell
1993, Kim et al. 1996). Other common cations in soil water are sorbed on surfaces and
interlayers to compensate this negative charge and Cs+ ions can change with these
charge compensating ions (Cornell 1993). pH- dependent, varying charge arises from
the protonation and deprotonation of surface hydroxyl groups.
2:1 clays consist of stacks of alumina and silicate layers, where the charge
compensating ions are sorbed in the interlayers and basal surfaces (Cornell 1993). The
interlayer space is 10 Å for non-expanding clays, e. g. illite, and 20 Å for expanding
clays when water is not present in the interlayer spaces (Cornell 1993; Sawhney 1972).
Montmorillonite is an expanding clay mineral, for wich the interlayer space is 12 Å in
collapsed structure (Cornell 1993). The layer charge of the clay mineral and the fraction
of charge compensating cations present in the interlayer spaces affects the collapse of
the interlayers (Sawhney 1972). The non-expanding clays sorb more Cs+ than
expanding clays, because they have greater layer charge (Cornell 1993, Sawhney 1972).
Di-octahedral micas, for example muscovite, have higher charge density and selectivity
towards cesium compared with tri-octahedral micas, e.g. biotite, but the long-term
retention of Cs+ on biotite is stronger because biotite is not as resistant to weathering as
muscovite (Cornell 1993; Sawhney 1972; Zachara et al. 2002). The reason behind
different sorption behavior is thought to be a result of OH- dipole being inclined in the
di-octahedral layer silicates and vertical OH-dipole in tri-octahedral layer silicates
(Sawhney 1972). Also, the bond between O and Cs+ is stronger in di-octahedral layer
silicates due to the smaller size of octahedral layer in di-octahedral layer silicates.
In Table 17 is presented Kds for cesium on different minerals arranged by mineral
groups.
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Table 17. Distribution coefficients of Cs-137 on different minerals arranged by mineral
group (Kónya et al. 2005).
Mineral group
Tectosilicates
Phyllosilicates
Clay minerals
Carbonates

7.5.1

Minerals
quartz, cristobalite,
kalifeldspar, plagioclase
biotite,
chlorite
illite, rectorite,
montmorillonite
calcite,
dolomite, ankerite

Kd (ml/g)
100
200
6000
100
400
25000
10
900

Illite

Illite is a non-expanding layer silicate and is mainly responsible for the sorption of
cesium when present in soils (Absalom et al. 1995). Illite has small CEC but the
sorption of cesium is highly specific due to the FES sites in the interlayers of illite clays
(Cornell 1993; Cremers et al. 1988; Sawhey 1972). The FES capacity of illite clays is
dependent on the particle size and increase with decreasing particle size, the maximum
being 25.4 μeq/g for a particle size of 2.86 μm (de Koning et al. 2007). The interlayer
space of illite is 10 Å (Cornell 1993).
Illite has three kinds of sorption sites available for the Cs+ sorption (Brouwer at al.
1983; Cremers et al. 1988), which account for 0.5 %, 3 % and 96.5 % of the sorption
capacity (Brouwer et al. 1983). Super-selective FES- sites account for 0.5 % of the
sorption sites. Intermediate sites account for 3 % and the planar RES- sites for 96.5 % of
the sorption capacity. Sorption sites I are FES- sites, which are situated in the interlayers
or edge- interlayers of clays (Brouwer et al. 1983; de Koning and Comans 2004).
Sorption sites II are so called intermediate sites and sorption sites III are RES- sites. The
selectivity coefficients for these sorption sites for Cs+ - K+ exchange (lnKc) are 12 (I),
9.1-9.4 (II) and 2.8-3.8 (III) (Brouwer et al. 1983, Cremers et al. 1988). For Cs+-Ca2+
change, the values of lnKcs for sorption sites with different selectivities are even greater
than for Cs+ - K+ exchange, namely (lnKc) 30.6 (I) 13.8 (II) and 4.6 (III) (Brouwer et al.
1983), which clearly indicates the preference of Cs+ instead of Ca2+ and the stronger
competition between K+ and Cs+ for the FES (I) sites. NH4+ ions compete with cesium
effectively for the sorption sites I, but the competition for the sorption sites II is more
pronounced between Cs+ and K+ (Hsu and Chang 1995; Rajec and Shaw 1994). The
sorption of cesium on RES is not specific (Kruyts and Delvaux 2002).
The mechanism of Cs+ sorption on illite is proposed to take place in the following way:
interlayers of illite can collapse if sufficient amounts of Cs+ ions are sorbed on the
specific sites in the wedge zones (Figure 29) (Hird et al. 1995). As cesium is sorbed, the
interlayer charge is neutralized and the repulsive forces between layers are cancelled
out. In the sorption process cesium ion loses its hydration water shell, which follows the
dilution of the interlayer solution compared with that of outside the crystals. This leads
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to the water flow from the interlayer spaces to the bulk solution outside the crystals.
Together these factors, dehydration of Cs+ and water flow outside the interlayers, lead
to the collapse of the interlayers and a new wedge zone is created closer to the edge of
the crystal. This can continue as long as Cs+ ions are available for sorption and may
finally lead to the closing of the whole interlayer, after which the sorbed Cs+ ions in the
collapsed interlayers are fixed or immobilized. If the sorbed cesium do not induce the
collapse of the interlayer, binding is very strong but the sorbed Cs+ ions are available for
ion- exchange: if the K+ or the NH4+ concentration in solution increases or the Cs+
concentration decreases, Cs+ is desorbed from the interlayer to balance the changes in
the bulk solution. The sorption of cesium on illite is irreversible if the concentration of
Cs+ exceeds 8 x 10-7 M and induces the collapse of the illite interlayers (de Koning and
Comans 2004). Concentration below mentioned is not capable of inducing the interlayer
collapse and Cs+ remains as reversibly bound.

Figure 29. (a) interlayer collapse resulting in Cs+ fixation and migration of a wedge
zone and (b) edge- interlayer trapping (modified after Hird et al. 1995).
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The sorption of cesium on illite can be divided into fast initial sorption process and a
slow uptake that proceeds for weeks or months (Comans et al. 1991; Comans et al.
1992). The slow sorption phase is a step that defines the sorption reversibility of cesium
(Comans et al. 1991; Comans et al. 1992) and it has been proposed that in this phase
cesium ions diffuse slowly to the highly selective sorption sites in the interlayers of
illite clays. Cesium sorbed in the initial fast phase can be removed (Comans et al. 1991;
Comans et al. 1992), but the fraction sorbed in the slow phase of the sorption process is
immobilized or fixed (Comans et al. 1991). de Koning and Comans (2004), for
example, studied the sorption-desorption behavior of cesium on illite as a function of
time. They noticed that the fraction of cesium bound on illite in 5 minutes of
equilibrium time was totally desorbed with stable Cs+, meaning that fast sorption of
cesium is reversible. After 8 weeks of desorption, 44 %, 46 % and 91 % of Cs+ had
remained in NH4+-, K+- and Na+ - saturated illite, indicating the fixation of cesium with
time.
In acid organic soils, the illite interlayers are thought to be in the expanded state,
meaning that wedge zones are situated deep in crystals and the sorption capacity of
cesium on illite is large, even though only a small number of interlayer sorption sites are
available for sorption on a given time (Hird et al. 1995). FES sites are sensitive to the
presence of humic and fulvic acid because humic substances inhibit the diffusion of Cs+
to the interlayers of illite clays (Absalom et al 1995; Staunton et al. 2002) and fulvic
acids are able to enter the interlayers (Absalom et al. 1995). In this kind of a situation,
the humic substances act as a sorbent instead of illite clays (Avery 1996). Mineral soils
contain more K+ ions sorbed in the interlayers of illite (Hird et al. 1995; Rigol et al.
2002). K+ ions are capable of canceling out the layer charge of illite and induce the
collapse of the interlayer space (Sawhey 1972). The greater the K+ concentration in soils
is, the more likely is that the collapse of the interlayers is induced before the sorption of
Cs+ has taken place (Hird et al. 1995; Rigol et al. 2002; Sawhey 1972). In that case, the
wedge zones situate closer to the edges of the crystals and thus lead to a smaller
sorption capacity of illites toward cesium (Hird et al. 1995; Rigol et al. 2002).
7.5.2

Montmorillonite

The sorption of cesium on montmorillonite increases as the pH increases, because of the
more negative surface charge of clays, and the sorption mechanism is electrostatic
attraction (Brouwer et al. 1983; Comans et al. 1992; Yllera de Llano 1998).
Montmorillonite can sorb cesium on the interlayer spaces and on the deprotonated
aluminol and silanol groups (Kim et al. 1996; Kónya et al. 2005). The collapse of the
interlayers in montmorillonite happens randomly (Sawhney 1972), but the sorption of
cesium on the interlayers is significant (Cornell 1993; Kim et al. 1996). The interlayer
space in collapsed montmorillonite is 12 Å (Cornell 1993).
Bentonite is an impure clay consisting mainly of montmorillonite. The sorption of
cesium on bentonite is through an ion- exchange process and it is divided into
irreversible and reversible sorption (Hsu and Chang 1994; Hurel et al. 2002). Quite high
Kds for cesium are found, e. g. 6 200 ml/g at pH 6 (Chang et al. 1993; Hurel et al. 2002).
The sorption of cesium on bentonite is not dependent of pH (Hsu and Chang 1995;
Hurel et al. 2002), but desorption of cesium from bentonite is highly dependent of pH
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and the remobilized fraction increases as the pH decreases (Hurel et al. 2002).
Competing cations and their concentration is an important inhibitor in the sorption of
cesium (Hurel et al. 2002). Also humic acids can decrease the sorption of cesium
notably because of the blocking phenomena, i. e. humic acid block sorption sites on
bentonite (Chang et al. 1993; Hsu and Chang 1994; Kamei-Ishikawa et al. 2008), and
when humic acid content is over 5-6 %, humic acid becomes the main sorbent for
cesium instead of bentonite (Hsu and Chang 1994).
7.5.3

Smectite

Cesium is sorbed on smectite reversibly and irreversibly (Ohnuki and Kozai 1994).
Irreversible retention takes place in “ditrigonal cavities”: dehydrated cesium ions form a
polar bond with structural hexagonal oxygen atoms in the tetrahedral layers and thus
form “ditrigonal cavities” in the collapsed interlayers of smectite (Ohnuki et al. 1994).
In the beginning, the sorption of cesium is reversible and the fraction of irreversible
sorption increases with time (Ohnuki and Kozai 1994). When smectite undergoes the
alteration to illite, most of the cesium is fixed on the illite/smectite interlayers when
sorbed before the alteration, and if sorbed after the alteration process, all of it is
reversibly bonded (Ohnuki et al. 1994).
7.5.4

Other minerals

Among other minerals, the sorption of cesium is insignificant on iron oxides and on iron
minerals (hematite, magnetite), carbonate minerals (mainly calcite), apatite, gibbsite,
fluorite and corundum (Campbell and Davies 1995; Cornell 1993; Dumas et al. 1997;
Fujikawa and Fukui 1997; Hakem et al. 2000; Kim et al. 1996; Ohnuki 1994).
Torstenfelt et al. (1982) studied the sorption of cesium on various minerals including
quartz, orthoclase, biotite, muscovite, hornblende, magnetite, hematite, fluorite, calcite,
apatite and serpentine. They found that the sorption decreased in order muscovite >
biotite > hornblende > serpentine > orthoclase > magnetite > hematite > apatite > calcite
= quartz > fluorite (Table 18). The sorption of cesium on studied minerals increased as
the pH of the solution increased form 5 to 9 for all minerals except biotite, for which the
largest sorption was found at pH 5 (Torstenfelt et al. 1982).
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Table 18. Kds for cesium on different minerals (Ohnuki 1994 and Torstenfelt et al.
1982).
Mineral
Apatite*
Biotite*
Calcite*
Chlorite
Epidote
Dolomite
Fluorite*
Halloysite
Hematite*
Hornblende
Magnetite
Muscovite*
Oligoclase
Orthoclase*
Pyrite
Quartz*
Serpentine
* the initial pH of solution was 8-9, [Cs+]= 10-7 mol/l

Kd (ml/g)
3
624
1
5
19
5
0
460
6
213
7
765
90
11
3
1
12

In Table 19 are summarized Kd- values for cesium presented in the text. Kd- values
presented in the preceding Tables are not included. Some values not mentioned in the
text are also given.
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Table 19. Kd- values for cesium presented in the text and summarized for different soil
types and minerals. Values not given in the text are also included.
Material
Peat

Kd (ml/g)
10

Peat

15

peat

20

Peat

6000

Peat

4800

Peat

140-3800

Organic

270

Parabrown
earth
Parabrown
earth
Parabrown
earth
Parabrown
earth
Parabrown
earth
Parabrown
earth
Cambisol

500

3000

Cambisol

1000

Cambisol

7000

400
100
150
2000
500

Notes
[Cs+] initial 6x
10-8 mol/l
[Cs+] initial 6x
10-8 mol/l
[Cs+] initial 6x
10-8 mol/l
Geometric
mean
Geometric
mean
Oskarshamn

LOf1, depth 02.5 cm
LOf1, depth 02.5 cm
Of2, depth,
2.5-5 cm
Of2, depth,
2.5-5 cm
Oh, depth 5-7
cm
Oh, depth 5-7
cm
[Cs+] initial 6x
10-8 mol/l
[Cs+] initial 6x
10-8 mol/l
[Cs+] initial 6x
10-8 mol/l

Notes

Country
Germany
Germany
Germany

Forsmark deep
peat
Simpevarp
Natural
groundwater,
0.125-131days
equilibrium
time
Geometric
mean
Temprature 3
degrees
Temperature
20 degrees
Temprature 3
degrees
Temperature
20 degrees
Temprature 3
degrees
Temperature
20 degrees
Unirradiated
Irradiated 40
kGy
Irradiated 80
kGy

Sweden
Sweden
Sweden

Reference
Bunzl and
Schimmack 1988
Bunzl and
Schimmack 1988
Bunzl and
Schimmack 1988
Sheppard et al.
2009
Sheppard et al.
2009
Holgersson 2009

Vidal et al. 2009
Germany

Bunzl and
Schimmack 1991
Germany Bunzl and
Schimmack 1991
Germany Bunzl and
Schimmack 1991
Germany Bunzl and
Schimmack 1991
Germany Bunzl and
Schimmack 1991
Germany Bunzl and
Schimmack 1991
Germany Bunzl and
Schimmack 1988
Germany Bunzl and
Schimmack 1988
Germany Bunzl and
Schimmack 1988
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Table 19 continued.
Material
Humic
acid
Humic
acid
Humic
acid
Gleysol

15 000

[Cs+] initial 6x
10-8 mol/l

Gleysol

1000

[Cs+] initial 6x
10-8 mol/l

Irradiated 40
kGy

Germany

Gleysol

1000

[Cs+] initial 6x
10-8 mol/l

Irradiated 80
kGy

Germany

Soil

7.8-8.1

Bangladesh
Bangladesh
Bangladesh
Canada

Soil

2500-2700

Soil 8.1

Soil

850

Soil 6.3

Soil

1300

Soil 7.7

Soil

81

Soil 7.8

Soil

26 000

Soil 6.7

Soil

6300

Soil 5.0

Soil

1200

Soil 6.5

Soil

10 000

Soil 7.6

Soil

240

Soil 8.0

Soil

540

Soil 8.0

Soil

7000

Soil 7.7

Soil depth 0-60
cm
Soil depth 60200 cm
Soil depth 200300 cm
Sampling depth
2.0 m, sample A
Sampling depth
5.0 m, sample A
Sampling depth
3.0 m, sample B
Sampling depth
4.5 m, sample A
Sampling depth
4.0 m
Sampling depth
0.9 m, sample C
Sampling depth
6.0 m, sample C
Sampling depth
0.7 m, sample D
Sampling depth
1.2 m, sample D
Sampling depth
8.0 m
Sampling depth
2.5 m
Sampling depth
1.0 m, sample E

Soil layer
LOf1
Soil layer Of2

Soil

1417
(1298-1515)
1754
(1578-2008)
1676
(1278-2156)
120

Soil
Soil

Kd (ml/g)
46

pH
2.99

377

Notes

Notes

Country

[Cs+] initial 10-8
meq/ml

Desorption Kd
462 ml/g
Desorption Kd
127 ml/g
Unirradiated

Germany

60

8.0-8.2
7.8-8.2
Soil 8.3

Soil layer Oh
sand/silt/clay
% 100/0/0
sand/silt/clay
% 35/36/30
sand/silt/clay
% 100/0/0
sand/silt/clay
% 96/4/0
sand/silt/clay
% 28/41/31
sand/silt/clay
% 93/5/2
sand/silt/clay
% 12/55/33
sand/silt/clay
% 52/45/3
sand/silt/clay
% 59/24/17
sand/silt/clay
% 62/31/7
sand/silt/clay
% 52/39/8
sand/silt/clay
% 96/2/2

Canada
Canada
Canada
Canada
Canada
Canada
Canada
Canada
Canada
Canada
Canada

Reference
Chang et
al. 1993
Hsu et al.
1994
Hsu et al.
1995
Bunzl and
Schimmac
k 1988
Bunzl and
Schimmac
k 1988
Bunzl and
Schimmac
k 1988
Mollah and
Ullah 1998
Mollah and
Ullah 1998
Mollah and
Ullah 1998
Gillham et
al. 1980
Gillham et
al. 1980
Gillham et
al. 1980
Gillham et
al. 1980
Gillham et
al. 1980
Gillham et
al. 1980
Gillham et
al. 1980
Gillham et
al. 1980
Gillham et
al. 1980
Gillham et
al. 1980
Gillham et
al. 1980
Gillham et
al. 1980
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Table 19 continued.
Material
Soil

Kd (ml/g)
4100

pH
Soil 7.8

Soil

4100

Soil 7.8

Soil

3000

7.6

Soil

4800

5.9

[Cs+] initial
2x10-7 mol/l

Soil

3100

6.6

[Cs+] initial
2x10-7 mol/l

Soil

3000

8.0

[Cs+] initial
2x10-7 mol/l

Japanese
paddy
soil
Japanese
upland
soil
Podzol

2260 (27016 640)

Soil
5.0- 6.8

Clay % 89.8-98.5

3900 (36035 730)

Soil
5.0-6.8

3162

Soil
4.13

Podzol

31

Soil
4.72

Podzol

25 820

Soil
6.86

Podzol

24 100

Soil
6.86

BET= Specific surface area

Notes
Sampling depth
4.0 m, sample E
Sampling depth
10.0 m, sample E
[Cs+] initial
2x10-7 mol/l

Notes
sand/silt/clay %
35/34/32
sand/silt/clay %
60/22/18
Soil depth 7.87.9, BET 8.6
m2/g, CEC 3
meq/100g, 91 %
quartz
Soil depth 9.659.85, BET 12.2
m2/g, CEC 4.3
meq/100g, 86 %
quartz
Soil depth 11.111.25, BET 14.7
m2/g, CEC 4.7
meq/100g, 83 %
quartz
Soil depth 1212.2. BET 6.6
m2/g, CEC 2.6
meq/100g, 92 %
quartz
% Cs sorbed
89.9-98.5

Country Reference
Canada Gillham et
al. 1980
Canada Gillham et
al. 1980
Legoux et
al. 1992

Clay % 11.4- 50.8

% Cs sorbed
92.7-99.4

Japan

CEC 0.081
mol/kg, clay
content 26 %
CEC 0.216
mol/kg, clay
content 11 %
Soil leachate,
CEC 44.32
meq/100 g, 1.57
% organic matter
Destilled water,
CEC 44.32
meq/100 g, 1.57
% organic matter

[Cs+] at trace
levels

Britain

[Cs+] at trace
levels

Britain

Absalom et
al. 1995

Grain size
<0.001 mm 11.3
%, 0.001-0.01
mm 10.6 %
Grain size
<0.001 mm 11.3
%, 0.001-0.01
mm 10.6 %

Czech

Beneš et
al. 1994

Czech

Beneš et
al. 1994

Legoux et
al. 1992

Legoux et
al. 1992

Legoux et
al. 1992

Japan

KameiIshikawa et
al. 2008
KameiIshikawa et
al. 2008
Absalom et
al. 1995
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Table 19 continued.
Material
Podzol

Kd
(ml/g)
34

pH

Notes

Podzol

277

Podzol

8750

Podzol

24 500

Clay

484700

Clay

5500

Geometric mean

Clay till

6300

Geometric mean

Forsmark

Sweden

Clay till

4700

Geometric mean

Forsmark

Sweden

Clay
gyttja
Clay
gyttja
Clay
gyttja

6300

Geometric mean

Simpevarp

Sweden

6000

Geometric mean

Simpevarp

Sweden

203300

Oskarshamn

Natural groundwater, 0.125131days eq. time

Sweden

Loam

3500

Geometric mean

Sand

10-76

Oskarshamn

Sand

530

Geometric mean

Sand
(standard)
Sand
(standard)
Sand
(standard)
Sandy till

15.0

[Cs+] initial 10-8
meq/ml

Desorption Kd 39
ml/g
Desorption Kd 45
ml/g

Geometric mean

Simpevarp

CEC 220
meq/kg, 4 %
organic matter
content
Soil 3.6- Soil depth 0-40
4.2
cm, CEC 1.0-5.0
meq/100 g
Soil (0.01 [Cs+] at trace
M KCl)
levels
3.57
Soil (0.01 [Cs+] at trace
M KCl)
levels
3.75
Oskarshamn

10
29
4000

Notes

Country Reference
Cremers et
al. 1988

FES- sites
blocked with
0.015 M AgTU
Desorption Kd
495 ml/g

Poland

Chibowski
et al. 1999

O- horizon, CEC
0.4 mq/g, 40 %
organic matter
E-horizon, CEC
0.2 meq/g, 14 %
organic matter
Natural
groundwater,
0.125-131days
equilibrium time

Scotland

Valcke and
Cremers
1994
Valcke and
Cremers
1994
Holgersson
2009

Natural groundwater, 0.125131days eq. time

Scotland

Sweden

Sweden

4.87
Sweden

Vidal et al.
2009
Sheppard et
al. 2009
Sheppard et
al. 2009
Sheppard et
al. 2009
Sheppard et
al. 2009
Holgersson
2009
Vidal et al.
2009
Holgersson
2009
Vidal et al.
2009
Hsu et al.
1994
Hsu et al.
1995
Chang et al.
1993
Sheppard et
al. 2009
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Table 19 continued.
Material

pH

Till

Kd
(ml/g)
20-140

Albite

519

7.8

Anortite

440

8.4

Augite

215

8.6

Bentonite

2970

Bentonite

909

Bentonite

909

Biotite

61 000

8.2

Chlorite

5

6.8

Dolomite

5

Initial
8-9

Enstatite

100

8.5

Epidote

19

Initial
8-9

Hornblende
Illite

835

8.3

12 957

5.9

Kaolinite

909

6.8

Microcline

177

Initial
8-9

Microcline

319

7.8

BET= Specific surface area

Notes

Notes

Country

Reference

Oskarshamn

Natural
groundwater,
0.125-131days
equilibrium time
CEC 1.5 meq/100
g, BET 2.8 m2/g
CEC 1.8 meq/100
g, BET 9 m2/g
CEC 4.5 meq/100
g, BET 7 m2/g

Sweden

Holgersson
2009

[Cs+] at trace
levels
[Cs+] at trace
levels
[Cs+] at trace
levels

[Cs+] initial 10-8
meq/ml
[Cs+] at trace
levels
[Cs+] at trace
levels
Ionic strength
0.004 M, [Cs+]
initial 10-7 mol/l
[Cs+] at trace
levels
Ionic strength
0.004 M, [Cs+]
initial 10-7 mol/l
[Cs+] at trace
levels
[Cs+] at trace
levels
[Cs+] at trace
levels
CEC 0.4
meq/100 g, BET
4.2 m2/g
[Cs+] at trace
levels

Desorption Kd 573
ml/g
Desorption Kd
19400 ml/g
CEC 15 meq/100
g, BET 69 m2/g
CEC 5.0 meq/100
g, BET 24 m2/g
CEC 0.02
meq/100 g, BET
4.0 m2/g
CEC 1.9 meq/100
g, BET 16 m2/g
CEC 0.6 meq/100
g, BET 4.2 m2/g
CEC 2.9 meq/100
g, BET 4 m2/g
CEC 14 meq/100
g, BET 165 m2/g
CEC 5 meq/100 g,
BET 31 m2/g
Ionic strength
0.004 M, [Cs+]
initial 10-7 mol/l
CEC 1.2 meq/100
g, BET 5 m2/g

Cornell
1993
Cornell
1993
Cornell
1993
Chang et
al. 1993
Hsu et al.
1995
Hsu et al.
1994
Cornell
1993
Cornell
1993
Cornell
1993
Cornell
1993
Cornell
1993
Cornell
1993
Cornell
1993
Cornell
1993
Cornell
1993
Cornell
1993
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Table 19 continued.
Material

Kd
(ml/g)
Montmorillonite 1120

pH

Notes

Notes

Reference

8.7

[Cs+] at trace
levels
Ionic
strength
0.004 M,
[Cs+] initial
10-7 mol/l
CEC 0.15
meq/100 g,
BET 7 m2/g
CEC 0.02
meq/100 g,
BET 2.8
m2/g
[Cs+] at trace
levels
Background
0.01 or
0.0001 M
NaCl
[Cs+] at trace
levels

CEC 87 meq/100 g,
BET 722 m2/g
CEC 5.2 meq/100 g,
BET 11 m2/g

Cornell
1993
Cornell
1993

Ionic strength 0.004
M, [Cs+] initial 10-7
mol/l
Ionic strength 0.004
M, [Cs+] initial 10-7
mol/l

Cornell
1993

CEC 0.15 meq/100 g,
BET 2.8 m2/g

Cornell
1993
Lieser and
Steinkopff
1989

CEC 77 meq/100 g,
BET 313 m2/g

Cornell
1993

Muscovite

591

Initial
6.8

Pyrite

3

Initial
8-9

Quartz

1

Initial
8-9

Quartz

58

7.1

Quartz

<0.1

Initial
7.0

Vermiculite

58 767

8.2

BET= Specific surface area

Cornell
1993
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8

CONCLUSIONS

The main characteristics affecting the migration and sorption of radionuclides in soils
include the organic matter content, the mineral properties, the redox potential and pH, as
well as the soil micro-organisms.
Sorption of iodine has been reported being dependent on iodine speciation, the mineral
and organic matter content, redox potential, pH and microbial activity. Iodine is known
to be relatively soluble in anoxic soils and usually the reduced form of iodine, iodide
(I-), is more mobile than iodate (IO3-). Both iodide and iodate sorption has reported to
decrease with increasing pH
The organic matter present in soils can reduce the migration of iodine and it is
suggested that micro-organisms play an important role in the fixation of iodine on the
organic matter.
The sorption of iodine on minerals has reported being low. No or little sorption of I- and
IO3- has reported by kaolinite, bentonite, quartz or Al2O3. Similarly little or no iodide
sorption to montmorillonite, vermiculite, calcite, goethite, chlorite, epidote, gypsum,
hematite and muscovite has reported, meanwhile iodate is sorbed by a number of above
mentioned minerals. Calcite, gypsum and muscovite show little or no sorption of iodate.
The sorption of iodine for illite has reported to be greater, than those minerals
mentioned above and shows a strong pH dependency. Also the sorption of I by Fe2O3
has found to be very high. Furthermore, the sorption of iodate by Fe2O3 is higher than
that of iodide.
Grain size has shown to have an inverse relationship to the values of Kd of iodate in
sandy soils. The Kd- values for iodide are reported being independent of grain size.
The volatilization of iodine from soil, presumably as methyl iodide has been reported.
The speciation of chlorine is independent of the soil redox conditions and pH. Inorganic
chloride anion, Cl-, and organochloride compounds are the main species. The amount of
organic chlorine, Clorg, in soils is greater than the amount of inorganic chloride.
The sorption of chlorine on minerals and mineral soils practically do not take place, but
relatively high Kds can be found in organic soils.
Organochloride compounds are produced biotically and abiotically. The biotic
production is more important and it involves a microbial component. The abiotic
production dominates in elevated temperatures and anoxic conditions.
The sorption of Tc is affected by various factors like organic matter content, soil
mineral composition and content, pH and redox potential, as well as temperature and
humidity. Technetium exists on two different oxidation states, but in aqueous solutions
and under oxidizing conditions the most stable chemical species of technetium is
pertechnetate (TcO4-). TcO4- is highly mobile in the environment and behaves loke other
anions such as sulphate. Technetium can, however, exist also on other oxidation +IV
depending on the redox and pH conditions of the soil. Other reported species of
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technetium in soils include hydrous TcO2, TcS2, Tc-organic matter complexes and Tciron complexes. However, the sorption of technetium on minerals is reported being
small or non-existent.
In organic matter rich soils pertechnetate is reduced to Tc (IV) by sulphate and iron
reducing bacteria. This results in an association of technetium with organic matter.
The speciation of cesium in soils is independent of the soil redox conditions and pH.
Cesium exists as a Cs+ cation, which is efficiently sorbed by soil mineral constituents.
Micro-organisms can effectively sorb cesium from soils and thus inhibit the migration
of cesium.
A greater fraction of cesium is sorbed in mineral soils than in organic soils. The main
sorbent for cesium in mineral soils and organic soils are the illite clay minerals. High
Kds are found for both soil types.
The sorption of cesium on several minerals is high and especially great Kds are found
for clay minerals such as illite, montmorillonite, biotite and vermiculite. Sorption on
tectosilicates, e. g. quartz is low.
The better understanding about the behavior of radionuclides in soils is important in
relation to the safety assessment of the disposal of radioactive waste. It is worth noting
that the sorption and migration of iodine, chlorine, technetium and cesium in soils is not
only dependable on the abiotic components, like organic matter content, mineral
properties, redox potential and pH of the soil, but also the interactions with microorganisms are important.
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Appendix 1. The concentrations of the trace cations in the soil solution samples taken from the different soil layers from the excavator pits OLKK14, OL-KK15 and OL-KK16 in Olkiluoto and the average cation concentrations±standard deviations (ave±std dev).
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